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The treatment and disposal of mercury and mercury-contaminated materials is a national need in the United States. For example, at the United States Department of Energy (U.S. DOE) Y-12 National Security Complex in Oak Ridge, Tennessee, four decommissioned buildings, each approximately 18 million square feet, are being prepared for demolition and disposal [OREM, 2013]. However, these buildings are contaminated with Hg(0) such that an estimated 1.5 million cubic yards of debris will require treatment and disposal through a combination of on-site disposal and off-site facilities [Mayer, 2019]. Over the years 1950 through 1982, Hg(0) was used as a process solvent for lithium separation and nearly 2,000 tons of Hg(0) was lost to spills and evaporation [U.S. DOE, 2016]. Consequently, the construction materials of these buildings (concrete, insulation, metal, etc.) and surrounding soils have been contaminated through vapor deposition and capillary condensation of Hg(0). The proposed disposal method for this building debris in an on-site leachate-controlled disposal cell compliant with guidelines set by the Resource Conservation Recovery Act (RCRA) [Mayer, 2019]. 
Additionally, in 2008 the Mercury Export Ban Act (MEBA) [40 U.S.C. 6939f(a)(1)] was instituted to limit the nationwide availability of elemental mercury (Hg(0)) and to require the U.S. DOE to designate and operate a facility for long-term management and storage of Hg(0). In 2019, the U.S. DOE announced that Hg(0) will be stored in existing buildings at a facility in Texas, with a maximum capacity of approximately 6,800 metric tonnes [U.S. DOE, 2022]; however, no path exists for long-term treatment of stored Hg(0), leading to the need for an approved treatment method and validation of the efficacy of said treatment method. 

[bookmark: _Toc174529203]Regulatory Framework for Mercury Treatment and Disposal

RCRA [U.S. EPA, 1986] provides the regulatory framework to determine the required pathway for mercury treatment and disposal through the Land Disposal Restrictions (LDR) program. Under RCRA, the first step is to determine whether the waste is classified as hazardous or non-hazardous waste. Mercury in debris, such as at Y-12, is considered a hazardous waste under RCRA if it meets or exceeds the concentration of 0.2 mg/L when the waste is tested under the Toxicity Characteristic Leaching Procedure (TCLP). The RCRA limit is implemented as 4 mg/kg total mercury, which is based on the “Rule of 20” derived from the TCLP extraction conducted at a liquid-to-solid ratio (L/S) of 20 mL/g, with measured total content of mercury greater than 20 times the TCLP limit of 0.2 mg/L. If mercury-contaminated debris exceeds 4 mg/kg, it requires treatment prior to disposal.
Additionally, non-debris hazardous waste has two subcategories, “low mercury” and “high mercury”. Waste containing less than 260 mg/kg total mercury falls into the low mercury subcategory, while waste with more than 260 mg/kg total mercury is classified as high mercury. High mercury waste, often Hg(0) waste, is required to undergo mercury recovery in a thermal processing unit, or a retorter, that will volatilize and condense the mercury [40 CFR 269.42]. Waste subjected to retorting must then pass TCLP with a mercury concentration of less than 0.2 mg/L. Low mercury waste is required to pass the universal treatment standard (UTS) of 0.025 mg/L mercury concentration, again through TCLP testing. Both the high and low mercury waste required concentrations are generally met by stabilization/solidification treatment. 
Lastly, there is a third treatment practice for Hg(0) contaminated with radioactive materials. Under the LDR guidance, the Hg(0) contaminated with radioactive materials is required to be treated by amalgamation, where an amalgam of the contaminated Hg(0) and an inorganic agent, such as copper, zinc, nickel, gold, and sulfur is formed to reduce potential Hg(0) vapor emissions [40 CFR 268.42]. 

[bookmark: _Toc174529204]Proposed Treatment Methods for Mercury
 
At the Y-12 National Security Complex, the mercury-contaminated building debris and contaminated soils will first undergo TCLP testing to determine if it requires treatment. If the debris does not pass TCLP, retorting will be required to recover Hg(0) prior to disposal. If the debris passes TCLP, it will be placed into the RCRA-compliant disposal cell with a leachate monitoring system. Another proposed method for treatment for mercury-contaminated building debris involves macro-encapsulation of contaminated debris in cement grout prior to, or concurrently with, disposal in an on-site leachate-controlled disposal cell [Mayer 2019].
A proposed treatment for liquid Hg(0) stores is to react Hg(0) with sulfur to form mercury sulfide (HgS), then to encapsulate this compound in low-density polyethylene (LDPE). Polyethylene encapsulation has been used in literature to encapsulate mercury, primarily using LDPE over high-density polyethylene (HDPE) due to the lower temperature (105 °C for LDPE vs 125 °C for HDPE) and pressure required during processing and mixing by LDPE [Kalb, 1997]. Concerns with this method include relatively high processing temperatures during encapsulation, increasing the risk of mercury volatility if not properly reacted to form HgS, and that the mercury is not chemically incorporated into the LDPE coating, still potentially allowing leaching [Randall, 2004]. Benefits of LDPE include that it is a readily available material and that the encapsulation equipment is commercially available [Randall, 2004]. LDPE-encapsulation still has minimal data to support its effectiveness as a long-term encapsulation material for mercury-contaminated waste, but is currently being explored.

[bookmark: _Toc174529205]Mercury in the Environment

Mercury is a naturally occurring element in the earth’s crust and in seawater that is a silver liquid at room temperature and has been used throughout history for applications such as the separation of gold ore from mined rocks, hat making, and thermometers [Eckley, 2020; Parsons, 2005; Katz, 1972; Morley, 1998]. 
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Hg(0) is highly volatile, easily converting to the gaseous form with increasing temperature or pressure, as seen in Figure 1.1 [Huber, 2006]. The vapor pressure of Hg(0) at 25°C is 0.246 Pa [Gonzalez-Raymat, 2017; Hepler, 1974]. Mercury is the only metal that is considered a global pollutant, due to its long residence time in the atmosphere, ranging from 0.8 - 1.7 years [Parisa, 2015; Lindqvist, 1985]. This long residence time allows for transport of mercury and deposition onto areas far from the source of evaporation, potentially causing widespread mercury contamination.


[bookmark: _Toc179185063]Figure 1.1. Vapor pressure (kPA) vs. temperature (K) for Hg(0), complied from multiple experiments [Huber, 2006].

Hg(0) has a high surface tension ranging between 447.6- 488 dynes/cm [Bartell, 1933; Kemball, 1945] and a water solubility of 60 x 10-5 g/L [Gonzalez-Raymat, 2017; Clever, 1985]. Due to low solubility coupled with high surface tension, Hg(0) does not disperse readily in water when in liquid form, and instead will form small balls of Hg(0) throughout the solution. Some Hg(0) will volatilize into the gaseous phase within the aqueous solution, dependent upon temperature of the solution. In aqueous solutions, Hg(0) can be sorbed onto particulate matter or dissolved organic matter [Wang, 2015], lowering the levels of Hg(0) in the dissolved phase in the system. Sorption of Hg2+ onto particulate matter in aqueous solutions can be dependent upon pH, particularly in the presence of clays, with the sorption decreasing with a more alkaline pH [Konya, 2011]. 
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In the aqueous environment, mercury predominantly exists as Hg(0), or divalent mercury, Hg2+ or Hg(II). Dimercury, or Hg22+, can be found in small concentrations, but it is unstable and will decompose to either Hg2+ or Hg(0) [Gonzalez-Raymat, 2017].
[image: ]Hg(0) is more volatile in an oxidizing environment at neutral pH [Compeau, 1984]. Highly acidic (pH<3.6) or basic conditions (pH>8.1) inhibit the production of Hg(0) in an aqueous environment [Si, 2022]. Hg(0) can be oxidized to Hg(II) in an aqueous environment. In a natural water system, microorganisms can contribute to this oxidation/reduction process of Hg(0) and Hg2+. Hg2+ is more water soluble than Hg(0), due to lower Henry’s constants [Lin, 1999], and is more prevalent in aqueous environments [Gonzalez-Raymat, 2017; Lin, 1999]. The oxidation of Hg(0) to Hg2+ and subsequent higher solubility could promote higher leaching of mercury from disposal cells in the case of significant water infiltration into the cell. In the atmosphere, Hg(0) is most often removed through oxidation into the more soluble Hg2+ species, which can then form complexes with various elements, such as HgCl2 or HgBr2, which are significantly more water soluble and are thereby removed from the atmosphere through wet deposition, causing more widespread mercury contamination [Mason, 2002; Pirrone, 2005; Bishop, 2020]. In mildly oxidizing or reducing conditions, Hg(0) is relatively stable, but can be oxidized to Hg2+, especially in solutions with an abundance of chloride ions. The presence of sulfide allows for HgS to form, which is highly insoluble [Davis, 1997] and stable ranging from slightly oxidizing and acidic conditions to reducing and alkaline conditions. Figure 1.2. shows a phase diagram of mercury under various conditions as a function of pe and pH [Konya, 2011].[bookmark: _Toc160712420][bookmark: _Toc174358244][bookmark: _Toc179185064]Figure 1.2 Pourbaix diagram for Hg solid phases, water solution is Cl- and SO42- at a concentration of 10-3 mol/kg [Konya, 2011].

Additionally, methylmercury, the most acutely toxic species of mercury [Fitzgerald, 2014; Babiarz, 1998], can form in aqueous environments when microbes add a methyl group to Hg2+ [Zhang, 2020]. Methylmercury is a potent neurotoxin that bioaccumulates in fatty tissues, and can affect humans through the consumption of fish and rice [Beckers, 2017]. Breastmilk is affected by this bioaccumulation, and though total mercury content in breast milk has declined, it is still of concern in many regions, including South America [Sharma, 2019]. Exposure through breastmilk increases the likelihood of lower cognitive development in children, and exposure before birth increases the risk of central nervous system injury for the fetus [Cohen, 2005]. Adults exposed to methylmercury over time also incur risk of central nervous system injury, historically referred to as “Mad Hatter’s Disease” [Jackson, 2018]. 
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In the environment mercury commonly cycles through soils and surface waters, contributing to widespread environmental mercury contamination. The fate of mercury in soils is dependent upon several factors, including the presence and amount of dissolved organic matter (DOM) in the porewater, dissolved organic carbon (DOC), soil type, and presence of sulfate-reducing bacteria [Dmytriw, 1995; Wu, 2007; Barrow, 1992]. DOM has many functional groups, including carboxylic acids, phenols, alcohols, and thiols, that heavily impact the sorption of Hg2+ in soils [Ravichandran, 2004]. These functional groups can cause mercury to strongly sorb to DOM [Chiasson-Gould, 2014], and in Dmytriw et. al. [1995] up to 80% sorption of mercury to DOM was reported. Additionally, the presence of DOM has been noted to compete with sulfide for Hg2+ binding [Ravichandran, 2004; Aiken, 2011]. This competition of sulfide and DOM is concerning from a treatment standpoint, as sulfur is a common stabilization method for mercury-containing wastes, forming mercury sulfide (HgS). Additionally, the composition of DOM has been noted to affect mercury methylation, with different compositions either promoting or inhibiting methylmercury formation [Jiang, 2018]. DOM can serve as the substrate for microorganisms, like sulfate-reducing bacteria, that are key mercury methylators [Hsu-Kim, 2013]. 
DOC affects the equilibration of Hg2+ in soils and soil porewater, with a high concentration of DOC increasing the time to reach steady-state [Johs, 2019]. Cation exchange capacity (CEC), which is the amount of negative surface charges in soils and its ability to absorb cations, influences Hg2+ sorption as well [Wu, 2007]. Soils with higher amounts of clays typically have a higher CEC, leading to a greater amount of Hg2+ and other cations absorbed [Shaheen, 2013].
Barrow et. al. [1992] describes how the presence of chloride in a soil system can affect the sorption of mercury between a pH 4.5-6.5, with the sorption of mercury slowly increasing with pH to peak at 6.5. At a pH between 7-9, the dissolution of mercury has been found to increase [Xu, 2014], likely due to the increase in negative charges on the soil particles as the pH elevates [Semu 1987]. Schluter et. al. [1995] noted that the sorption of mercury in soils at a pH between 4 and 5 is controlled by iron and aluminum oxides. Lastly, another study [Yang, 2007] measured the mean mercury flux from soils at three pH points ranging from 4.8 to 7.1 and saw the highest flux of mercury from soil at a pH 7.1. A key takeaway from these pH-dependent studies is that while pH does influence the sorption of mercury in the system, it is mainly other mechanisms, like oxides, chloride, and soil type, that heavily influence the behavior of mercury. Mechanisms such as sorption to iron and aluminum oxides and chloride presence are pH dependent in themselves, driving the pH-dependent behaviors seen. 
A key estimation of mercury concentrations in soils and porewater is the liquid-solid partitioning (LSP) of mercury. The study of the LSP of mercury can provide pH-dependent partition coefficients, or Kd coefficients. There are several pH-dependent studies in literature that provide partition coefficient estimates for mercury and various types of soil. Wu et. al. [2017] measured the partitioning of mercury by studying the effects of varying concentrations and types of DOM in soils, resulting in Kd values ranging from 768 L/kg-14,386 L/kg. Other studies throughout literature have provided partition coefficients for a variety of conditions and are summarized in part in Table 1.1. These studies discussed that the partitioning properties are dependent on soil pH, amount of DOM, percent of sand, silt, and clay in soil, and the chemicals present in the soil and porewater [Lyon, 1997]. 

[bookmark: _Toc174529330]Table 1.1: Partition coefficients as Log Kd values (L/kg) of Hg2+ and Methylmercury [Lyon, 1997; Allison, 2005].
	Species
	Soil/water
	Suspended matter/water
	Sediment/porewater 
	DOC/water 

	Hg(II)
	2.2-5.8
	4.2-6.9
	3.8-6.0
	5.3-5.6

	CH3Hg
	1.3-4.8
	4.2-6.2
	2.8-5.0
	N/A



The treatment of mercury contaminated soils can include removal or containment of the soils, application of amendments to minimize mobility and bioavailability, and manipulations to the landscape to minimize the production of methylmercury [Eckley, 2020]. As mercury contamination in soils can be much more widespread due to environmental effects like rainwater events, heating and cooling from weather patterns, and deposition of Hg(0) from condensation, the contamination can be much more wide-spread than seen in building debris [Kocman, 2017]. Some additional emerging technologies for treatment of mercury contaminated soils include adsorption by activated carbon [Hadi, 2015], precipitation with chelating agents [Wang, 2017], and immobilization with algae if the majority of contamination is in streambeds or waterways [Mokone, 2018]. 

[bookmark: _Toc174529209]Mercury in Portland Cement
Portland cement (OPC) has also been used in the stabilization/solidification (S/S) of mercury [Zhang, 2002]. OPC is made up of four major phases, tri-calcium silicate (3CaO·SiO2), di-calcium silicate (2CaO·SiO2), tri-calcium aluminate (3CaO·Al2O3), and ferrite (2CaO·Al2O3·Fe2O3) [Wesselsky, 2009]. When OPC powder is hydrated with water, hydration reactions begin and form cement paste, with portlandite (Ca(OH)2) forming at 20-25 wt% and calcium silicate hydroxide (CSH) at 60-70 wt% [Glasser, 1993; Aitcin, 2016]. OPC has a high compressive strength, primarily due to the microporous structure caused by CSH formation [Cocke, 1990]. OPC paste is a porous material once cured, with capillary porosity dependent on the original w/c ratio used – a higher w/c ratio corresponding to a to higher porosity [Powers, 1958; Haga, 2005]. Additionally, as CSH is in abundance and has a negative surface charge, it can be a sink for trace cations such as Hg2+ [Garrabrants, 2004]. OPC can be used as the solidification material in S/S of mercury contaminated materials, where it provides an isolated environment with constant buffering activity of the cement, allowing for adsorption, hydrolysis, and/or precipitation reactions to occur [Mcwhinney, 1993]. 
Heavy metals have been noted to disrupt the curing process of cements and impact the pore structure and leachability. However, in a study comparing mercury and zinc additions to cement, the cement samples with mercury additions have only a slight alteration to the pore structure and comparable porosities to the undoped samples [Poon, 1985]. Mcwhinney et. al. [1990], an increase in calcium carbonate formation was reported within mercury doped cements, which was noted as unique in comparison to other heavy metal interactions with cement. As discussed in section 1.4.5, stabilization of mercury through physical interactions with the cement matrix can occur, particularly in the presence of sulfur [Mcwhinney, 1993]. 
In portlandite, an ion exchange can occur between a cation and Ca2+, creating a compound that is a co-mingling of both traditional portlandite and portlandite that has had the calcium replaced with another cation. This type of ion exchange has been reported to occur with both strontium and magnesium [Tits, 2006; Hurt, 2022]. This ion exchange could occur with Hg2+ as well during the curing process, resulting in an uptake of mercury.  
Mercury Intrusion Porosimetry (MIP) is the basis for most knowledge of mercury interactions with cement pores, where it is used to determine the pore structure of a cement matrix. Ink-bottle effects can occur during MIP, where mercury intrudes into the pore and expands to fill the pore chamber, causing hysteresis to occur and residual mercury remains in the pore structure even after extrusion [Zeng, 2020]. Ink-bottle effects can lead to an overestimation of small pores and underestimation of large pores within a cement structure [Muller, 2017], which can change the porosity and tortuosity values used to describe the cement matrix. This entrapment is related to the connectivity and tortuosity of the pore network within the cement matrix, and in the case of mercury contaminated cements, it can be inferred that in some instances there is more mercury within the cement debris than is leaching out. 

[bookmark: _Toc174529210]Treatment of Mercury Wastes
The treatment of mercury-containing waste is required under RCRA in several instances, as outlined in Section 1.2. Several treatment methods exist, with the most common being solidification/stabilization (S/S). In general, stabilization causes a chemical reaction that makes the contaminants less likely to be leached to the environment. In the case of mercury this is most often through the addition of sulfur to chemically react and form insoluble HgS [Yee, 2013; Kalb, 2001]. Solidification is the physical binding of the waste into a solid block of material that traps it into place [EPA, 2012]. The goal is that through S/S mercury will not leach out of a monolith once disposed. Common S/S matrices include chemically bonded phosphate ceramics (CBPCs), sulfur polymer stabilization/solidification (SPSS), and sulfur polymer cements (SPCs). The first step of all of these S/S methods is the stabilization of the mercury through the addition of sulfur to form insoluble HgS [Yee, 2013; Rodriguez, 2012; Piao, 2006; Randall, 2004]. To effectively stabilize the mercury, an oxidizing form of sulfur is preferred, with promising results from polysulfides, a class of compounds that promote the oxidation of Hg(0) and can bond with Hg2+ [Wang, 2022]. An additional emerging stabilization method is selenium nanoparticles [Wang, 2017], though it is a newer technique that is relatively untested for long-term stabilization in comparison to the traditional sulfur stabilization.
CBPCs are based on a magnesium potassium phosphate mix that is poured around the mercury-contaminated waste and allowed to cure prior to disposal [Wagh, 2003; Cho, 2014; Cho, 2014; Randall, 2004; Kim, 2017; Liu, 2008; Tyagi, 2023]. SPCs and SPSS first stabilize the waste with sulfur, then pour an SPC around the waste that hardens and cures [Kalb, 2001; Wang, 2012; Lopez, 2015; Adams, 2002; Fuhrmann, 2002]. Occasionally SPC can be poured around the mercury waste without prior stabilization, but typically SPSS is the method followed [Randall, 2004]. These techniques are most often described as macroencapsulation, but most can be blended with the waste itself for microencapsulation. For example, using SPC to microencapsulate Hg(0) is a licensed process where Hg(0) is mixed in a heated reaction vessel with powdered SPC and other chemical stabilization agents to form HgS, then additional SPC is added and the mixture is heated to form a molten liquid. This liquid is then poured into a mold to set into a waste form [Randall, 2004; Fuhrmann, 2002]. However, these techniques all involve heating of the waste during solidification which can cause significant mercury losses through volatilization, requiring the need for mercury emissions capture during treatment, which is difficult on a large-scale disposal site. The volatilization potential is mentioned in most descriptions of the S/S methods with little advice on how to minimize the potential losses. 
In Hamilton et al. [1997] the volatilization potential of Hg(0), mercury oxide (HgO), and mercury sulfide (HgS) in ordinary portland cement (OPC) monoliths was studied. This paper shows a maximum of 20 mg/m3 of mercury collected after 110 minutes in the HgO/OPC monolith, but the vapor concentration of mercury was below detection in the HgS/OPC monolith. This study provided insight into why the speciation of mercury is important when considering disposal options , and the importance of ensuring the stabilization process is complete prior to solidification of mercury-containing wastes. Additionally, the rates of diffusion for mercury from cements are influenced by the speciation of the mercury compound present due to the more stable nature of HgS in comparison to Hg(0) or other species [Svensson, 2007]. A lower porosity and lower pH (~9-10 compared to 11-13) within the cement contributes to a reduction in the leaching of HgS from a cement monolith over time [Svensson, 2008]. 
Additional methods of encapsulation of mercury-contaminated waste include asphalt [Kalb, 1996], synthetic elastomers [Randall, 2004], Dolocrete [Randall 2004], and carbon cement mixtures [Zhang, 2002]. These methods have minimal data to support their effectiveness in the long-term treatment of mercury-contaminated materials, but are potential future research opportunities for mercury waste if needed. Lastly, at the Savannah River National Laboratory (SRNL), saltstone has been used to encapsulate and stabilize Hg2+ and methylmercury [McCaslin, 2023; Langton, 2021]. TCLP results of the saltstone-encapsulated mercury show mercury leachate concentrations below TCLP regulatory limits, indicating the saltstone is a promising encapsulation technique. 

[bookmark: _Toc174529211]Leaching of Mercury
The study of the leaching of mercury from materials is key to understanding the potential mechanisms of mercury transport after disposal. The most comprehensive mercury leaching study conducted thus far [Sanchez, 2002] explored the pH-dependent release of mercury solubility and mercury transport rates from treated and untreated mercury-contaminated soils. This study also includes comparison to TCLP, and highlights the limitations of TCLP to provide evaluation of a material and potential performance [Sanchez, 2002]. Additionally, the pH-dependence of mercury dissolution from stabilized HgS has been studied, with reports that a highly acidic (pH <2) or highly alkaline (pH >12) solution had increased mercury dissolution in comparison to a pH of 10, which had the lowest mercury dissolution [Devasena, 2021]. Other studies to explore the pH-dependent leaching of mercury from a material (i.e. soil, cement, coal, etc.) use methods that use only one pH point for leaching [Donatello, 2012; Tersic, 2014; Iwashita, 2004, Xie, 2019]. Many use TCLP or a comparative method, the limitations of which are discussed in Section 1.5.
Tank-leaching tests have also been used to study the leaching of mercury from cement. However, these studies are few with many being problematic, including one that did not provide procedure information [Rankers, 1991], and another was a short-lived test, therefore not providing long-term leaching studies for mercury in cement [Germaneau, 1993]. One study aimed to determine the leaching of mercury and other trace heavy metals from cement but were unable to have detection limits low enough for mercury [Hillier, 1999]. A more robust study used a modified version of the NEN 7345 Dutch tank-leaching test [NEN, 1995] to show three dissolution periods over 11 months, an initially fast process, a slower step, then a very low leach rate [Svensson, 2008]. In Ishimori et al. [2021], EPA Method 1315, a dynamic tank leaching procedure to measure the mass transport of constituents of interest, was conducted on four types of treated mercury waste, a sulfur polymer material and three types of low-alkaline cements, using an acidic, neutral, or alkaline solution for the procedure. Results of this study indicate a range of 10-3 to 1 mg/m2 of cumulative mercury leaching over a 64-day period, with the sulfur polymer being the most effective treatment for minimizing mercury leaching [Ishimori, 2021]. 
Overall, the literature pertaining to leaching of mercury from materials of interest is lacking, with most using single-point test methods for pH-dependence. The literature discussing mass transport of mercury as well is minimal, with most studies either not being able to retain mercury during testing or not providing enough description to verify their results. 

[bookmark: _Toc174529212]Leaching Tests

Under the guidance of the U.S. EPA a series of hazardous waste test methods have been compiled in the SW-846 compendium [SW-846, 2015]. Of particular interest are the regulatory tests typically recommended for determination of mobility of analytes present in wastes. The two major regulatory tests are TCLP and Synthetic Precipitation Leaching Procedure (SPLP). TCLP [U.S. EPA Method 1311] is designed to replicate the leaching of contaminants in municipal landfills by mimicking a typical municipal landfill leachate, while SPLP [U.S. EPA Method 1312] is designed to mimic the leaching of contaminants that are exposed to normal weathering in-situ by acid rain [Townsend, 2003]. 
TCLP and SPLP, among other test methods such as ASTM D3987-12 [ASTM D3987, 2012], are single-point test methods to simulate specific scenarios with no room for variation. While TCLP is still required for specific regulatory applications like hazardous waste classification under the toxicity characteristic regulation [40 CFR 261.24], it does not come without its problems. TCLP has been criticized for its inability to represent a diverse range of disposal conditions and that the pH of the leachate is highly dependent on the buffering capacity of the waste materials, which may lead to inaccurate determination of waste behavior in the simulated environment [SAB 1991, SAB 1999]. Additionally, the acetate solution used in TCLP and has been noted to for a soluble complex with mercury, resulting in increased leaching and is therefore an unreliable indicator of leachability under disposal conditions [Kosson, 2002; Sanchez, 2002; Intrakamhaeng, 2018]. In response to the limitations of TCLP and SPLP, a flexible leaching characterization framework was developed under guidance from the U.S. EPA that can be tailored to a wide range of materials and scenarios. This framework, the Leaching Environmental Assessment Framework (LEAF) Methods, consists of four methods that each address one of three release-controlling factors for constituents of potential concern (COPCs) – pH, liquid-solid (L/S) ratio of the material relative to the leaching environment, and whether leaching is controlled by mass transport or equilibrium. These four test methods are: 
Method 1313: Liquid-Solid Partitioning as a Function of Extract pH using a Parallel Batch Extraction Procedure
Method 1314: Liquid-Solid Partitioning as a Function of Liquid-to-Solid Ratio for Constituents in Solid Materials using an Up-Flow Percolation Column Procedure
Method 1315: Mass Transfer Rates of Constituents in Monolithic and Compacted Granular Materials using a Semi-Dynamic Tank Leaching Procedure.
Method 1316: Liquid-Solid Partitioning as a Function of Liquid-to-Solid Ratio using a Parallel Batch Extraction Procedure.

In this dissertation, Methods 1313 and 1314 will be utilized to determine the behavior of mercury under various conditions. 
Method 1313 consists of nine parallel batch extractions of a size-reduced solid material at an L/S of 10 mL/g-dry. The pH of each extraction is controlled by adding a known volume of dilute acid or base, determined based on a pre-test titration. There are nine target pH values between 2 and 13, plus the natural pH of the material. The material is held in contact with the eluent for 24-48 hours prior to collection for analysis. The collected leachate is then used to determine the measured constituent concentrations that are then plotted as a function of leachate pH to determine the liquid-solid partitioning (LSP) of the constituents of potential concern (COPCs).
Method 1314 consists of a column packed with granular material that then has the eluent introduced through pumping up through the column. The eluent flowrate is slow to allow an approximate L/S equilibrium within the column. As the eluent is pumped through the column, samples are collected over nine pre-determined cumulative L/S intervals. The collected eluate is then analyzed to determine the measured constituent concentrations. The measured concentrations of COPCs can be plotted as a function of the cumulative L/S to ascertain the controlling mechanisms of the leaching behavior of the COPCs. 
TCLP is still required under RCRA guidance as a screening assessment to determine if the waste in question exceeds the limits for the RCRA toxicity characteristic [40 CFR 261.24] and if additional treatment is necessary prior to disposal. However, as TCLP is a single-point test, it is prudent to use LEAF methods to further characterize the material or waste in question to determine the controlling leaching mechanisms. Additionally, TCLP simulates a municipal solid waste landfill, which may not be the appropriate disposal scenario for some wastes, requiring further testing with LEAF methods to better represent the disposal scenario for that particular material.  

[bookmark: _Toc174529213]Geochemical Speciation Modeling 

Geochemical speciation modeling uses computer simulations to evaluate aqueous-solid partitioning of mercury given proposed chemical reactions potentially occurring within the proposed system and the ability to predict behavior in the environment beyond the limits of experimental study in a laboratory or field monitoring scenario. The use of chemical thermodynamic equilibrium databases and thermodynamic rate constant databases, either separately or together, provide predictions of mineral formation, dissolution, and chemical reactions within the modeled system dependent upon the scenario in question. This modeling helps to understand the behavior of mercury under various scenarios, limiting the need to perform extensive laboratory experiments. However, the modeling of mercury from a treatment and disposal perspective is sparse, with the majority of literature discussing the behavior of mercury in natural aqueous environments (e.g., surface water and sediments and embankments thereof; groundwater) and associated environments through experiments and geochemical speciation-based simulations [Sikkema, 2011; Liem-Nguyen, 2017; Rao, 2009]. 
Due to the volatile nature of mercury, it can be difficult to collect experimental data that closes the mass balance for use in transport and batch equilibrium models [Sikkema, 2011]. Studies have been completed modeling mercury in aqueous environments, ranging from reaction with sulfides, sorption to sediments or activated carbon, and transformation to methylmercury [Liem-Nguyen, 2017; Rao, 2009; Drott, 2013]. Other difficulties in mercury modeling in literature include the variation in thermodynamic rate constants. These variations can be explained in part due to ignoring relativistic effects [Subir, 2012; Levine, 2009], which can influence the molecular properties of bond lengths and binding energies with molecules of a higher atomic number, like mercury. These variations also can be explained in part due to several accepted methods of rate constants determination, both experimentally and theoretically. Due to potential experimental error, outdated practices, and assumptions made in both practices, these experimental and theoretical values often are not in agreement, giving a range of rate constants to choose from for most mercury compounds [[Subir, 2012; Lin, 2006; Ariya, 2009]. Some of these methods include generating the complete potential energy surface (PES) Schrodinger equation, the transition state theory (TST), and the Rice-Ramsberger-Kassel-Markus (RRKM) theory [Levine, 2002]. 

[bookmark: _Toc174529214]Gaps in the Current Understanding

Within the above review, there exists significant gaps in the fundamental understanding of mercury behavior and fate under disposal conditions and how this could potentially impact the surrounding environment over extended time periods (e.g., decades). In particular, how mercury behaves in cementitious systems as well as how to assess the release of mercury from contaminated debris and treated materials. Furthermore, there is a lack of understanding of the controlling mechanisms of mercury partitioning with cement and soils, and the relative contributions of these mechanisms, which  can include sorption, chemical transformations, or incorporation into mineral phases present in the system. Information on the partitioning behavior of mercury as a function of pH is key for any disposal of mercury containing cements, as landfill pH can vary from 4.6 – 9 [Wdowczyk, 2020] and the pH of cements is significantly more alkaline, creating a broad range of pH buffering potential within the disposal cell. Additionally, there is no currently accepted  pathway in the U.S. for treatment and disposal of stores of Hg(0).
TCLP has historically been used as the basis for determination of mercury mobility in waste systems, though there are several notable issues with TCLP as a characterization method, as noted in Section 1.4. The limitations of TCLP lead to  the use of other methods, such as the LEAF methods, to evaluate and characterize mercury behavior from treated material for use in disposal scenarios. The need for further studies to determine leachability of mercury from wastes and treated mercury is necessary to both fill knowledge gaps but to also provide a path forward for treatment and disposal of the variety of mercury-containing wastes across the country. 
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The fundamental hypothesis of this dissertation is mercury leaching under anticipated disposal conditions is controlled by the local LSP of mercury in treated material with contacting water. Therefore, pH-dependent leaching tests can provide the LSP data required to fill in some of the knowledge gaps for leaching of mercury contaminated demolition debris under anticipated disposal conditions.  Furthermore, percolation column testing under low flow conditions that approach local equilibrium can be used to evaluate treatment process effectiveness for elemental mercury prior to disposal. 
The goals of this research are (i) to develop a dataset describing pH-dependent mercury leaching behavior in cement and soil systems to provide both a first-order approximation of LSP in the form of partition coefficients, (ii) to assess the potential impact of mercury behavior under the anticipated disposal conditions, and (iii) evaluate mercury leaching following elemental mercury treatment by a proposed immobilization process. There are four objectives to achieve the above goals: 
Demonstrate proper techniques for handling of mercury in a laboratory setting to minimize losses during sample preparation, leach testing, and analysis of aqueous samples. 
Measure the pH-dependent LSP of mercury in combinations of cement and soil systems and estimate partition coefficients for each study for use in landfill mercury leachate concentration estimations. 
Develop a geochemical speciation model based on batch equilibrium data to calibrate and simulate pH-dependent LSP results and provide parameter estimates for use in field scenario evaluations. 
Evaluate the potential leaching of mercury from LDPE-encapsulated HgS and assess the potential impact of waste-backfill soil interactions on mercury leaching from LDPE encapsulated HgS during disposal. 
To achieve these objectives, the combination of experimental and computer modeling was required. In the laboratory, batch extraction methods were used to evaluate equipment materials and laboratory techniques to minimize mercury losses prior to eluate analysis (Objective 1). These findings were applied as modifications to Method 1313 which was used to evaluate the LSP of mercury as a function of eluate pH, both in aqueous and cement-based environments (Objective 2). The LeachXS-ORCHESTRA modeling platform was used to model the results of Method 1313 testing and project conditions for future testing (Objective 3). Lastly, Method 1314 was implemented with modifications from Objective 1 to evaluate leaching from LDPE-encapsulated HgS pellets to assess the release of mercury from these pellets and the potential usage as a disposal method for mercury contamination (Objective 4). Figure 1.3 shows the relationships between the four objectives and a summary of the approach for each objective. 
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[bookmark: _Toc174358245][bookmark: _Toc179185065]Figure 1.3: Structure and general approach of the dissertation research.
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This dissertation consists of five chapters including:
An introduction of the research background and objectives and approach. 
A manuscript published in Talanta Open that describes the optimization of mercury recovery from leaching test eluates (Objective 1). 
 A manuscript to be submitted to Journal of Hazardous Materials that describes the pH-dependent aqueous-solid partitioning of mercury, ordinary portland cement (OPC) paste, soils, and a combination of OPC and soils with geochemical speciation modeling and predictions of mercury concentrations in landfill leachate. (Objectives 2 and 3).
A manuscript to be submitted to Waste Management that describes the leaching of mercury from LDPE-encapsulated HgS pellets under landfill disposal conditions (Objective 4).
Summary of the conclusions from the previous chapters and suggestions for future research regarding mercury treatment in cementitious matrices and disposal methods of Hg(0). 









[bookmark: _Toc174529217] Chapter 2 – Materials of Construction and Preservation Methods for Samples Containing Mercury[footnoteRef:1] [1:  This chapter is adapted from “Evaluation of Conditions to Minimize Mercury Losses from Leaching Test Eluates” published in Talanta Open and has been reproduced with the permission of the publisher and my co-authors (A. C. Garrabrants, R. C. Delapp, and D. S. Kosson).] 
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[bookmark: _Hlk147829446]A series of experiments are described that provide recommendations of modifications to leaching test specifications to minimize losses of mercury from eluates during leaching tests and management of analytical samples. EPA methods of the Leaching Environmental Assessment Framework (LEAF) were used as a reference point for what steps are most likely to see losses, including filtration, storage of unpreserved mercury contaminated material, and materials of construction for vessels. The potential sorption of mercury to borosilicate glass and PTFE lab materials was tested to determine what materials are suitable to replace HDPE and polypropylene. The experimental findings indicate that bottles constructed of PTFE and Type I (borosilicate) glass are recommended as extraction and containment vessels for mercury-containing liquids. Type I syringe filtration of aqueous mercury samples at pH 2 through 9 through 0.45 µm PTFE filters housed in polypropylene is acceptable; however, sorption losses were observed to occur at pH > 9. Storage of unpreserved liquids containing mercury over extended leaching test intervals did not lead to significant losses of mercury when coupled with minimized headspace. All mercury-containing eluates should include preservation with Optima HNO3 to a 1% concentration and gold (III) standard to a concentration of 200 µg/L, followed by refrigeration at <6 °C prior to analysis. 

[bookmark: _Toc174529219]2.2 Introduction

Mercury (Hg) is a naturally occurring trace metal in the environment that has been classified as a hazardous chemical under the Resource Conservation and Recovery Act (RCRA) [RCRA, 1984]. Although knowledge of its toxicity to human health has been recorded since ancient times [D’Itri, 1977; Parsons, 2005], Hg saw continued use worldwide until regulations and bans were put in place by the U.S. Environmental Protection Agency (EPA) in the late 1900s. Many of these regulations were the results of the public health disaster of Minimata Bay, Japan [Environmental Health Department, 2002] where, as of 2001, bioaccumulation of Hg dumped into the bay caused neurological disease in nearly 2,300 people. Mercury contamination remains an issue that requires innovative approaches for management. For instance, liquid mercury used at the Y-12 National Security Complex in Oak Ridge, Tennessee for purification of lithium isotopes in the mid-1900s has resulted in the need for demolition and decommissioning of four large, mercury-contaminated buildings and disposal of contaminated debris [OREM, 2013]. Treatment and disposal methodologies have been heavily researched in recent years, in part, due to the Y-12 contamination. However, the unique properties of mercury, such as its physical state as a liquid at room temperature, volatilization with slight temperature increases [Huber, 2006], and high surface tension [Gonzalez-Raymat, 2017], mean that significant gaps remain in the fundamental understanding of the behavior of mercury and the ability to contain mercury during experimentation.
Under the U.S. EPA Leaching Environmental Assessment Framework (LEAF) [EPA, 2019; EPA, 2012; EPA, 2017; EPA, 2017], approaches have been established to estimate the source-terms for the leaching-based release of inorganic contaminants from solid materials. The four LEAF tests consist of the following: 
EPA Method 1313: Liquid-Solid Partitioning as a Function of Extract pH Using a Parallel Batch Extraction Procedure 
EPA Method 1314: Liquid-Solid Partitioning as a Function of Liquid-Solid Ratio for Constituents in Solid Materials Using an Up-Flow Percolation Column Procedure
EPA Method 1315: Mass Transfer Rates of Constituents in Monolithic or Compacted Granular Materials Using a Semi-Dynamic Tank Leaching Procedure
EPA Method 1316: Liquid-Solid Partitioning as a Function of Liquid-Solid Ratio Using a Parallel Batch Extraction Procedure
Within these four methods, some specified test parameters may result in under-estimation of mercury concentrations due to the potential for losses during testing and sample handling. These test parameters include the choice of high-density polyethylene (HDPE) as a material of construction for extraction vessels and eluate storage bottles, the use of vacuum filtration through polypropylene (PP) membranes, and the test interval during which leaching test eluates are unpreserved. 
For characterization of mercury release, the materials of construction specified in the LEAF methods for extraction and analytical solution storage should be changed to avoid materials known to sorb mercury (e.g., HDPE, LDPE, PP) [Zhang, 2020; Hagelberg, 2006; Guevara, 2013; Riscassi, 2014; Liescheski, 1999]. The literature suggests that both Type I (borosilicate) glass and PTFE are recommended options [Hagelberg, 2006; Guevara, 2013]; however, the impact of the sorption of mercury to these materials in the context of leaching tests has not been quantified. 
Filtration is a common laboratory practice specified in leaching tests for separation of solid and liquid phases. LEAF Method 1313 [EPA, 2012] recommends vacuum filtration through 0.45-um PP membranes housed in HDPE or polycarbonate holders. However, the literature suggests that mercury losses may be facilitated by vacuum filtration [Mason, 1998] and that common membrane materials (e.g., HDPE, polyvinylidene fluoride (PVDF)) can result in sorption of mercury to filtration media [Cao, 2024]. Replacement of vacuum filtration with pressure filtration through glass or PTFE filter membranes is likely to improve mercury retention during phase separation.
Previous published studies indicate mercury losses of up to 43% within the first few hours of storage when mercury-containing solution are placed in HDPE [Zhang, 2020] and such losses may continue to occur within the first 10-13 days of storage at room temperature for solutions containing 3-13 ng/L Hg2+ in 1% HCl when stored in polyethylene [Guevara, 2013]. Since the eluate collection times for EPA Methods 1314 [EPA, 2017] and 1315 [EPA, 2017] range from 12 hours to two weeks, mercury losses to unpreserved aqueous solutions may influence eluate concentrations. Throughout all leaching tests, preservatives may be incorporated to the eluate collection process to retain mercury in eluate samples and minimized headspace within the eluate containment vessels may avoid losses of mercury between eluate sample collection and analysis. These preservation methods include the use of gold (III) standard in HNO3 [Christmann, 1976] or a potassium permanganate-persulfate digestion [Zhang, 2020]. 
As a result of identified gaps in handling and analysis of mercury-containing eluates, this paper describes a series of experiments aimed at optimizing the leaching test approaches for eluate containers and analytical sample preservation considered to minimize losses of Hg(0) and Hg2+ from solution. These experiments address eluate filtration, eluate collection hold times, analytical sample preservation methods, and replacement of HDPE and PP lab supplies to materials of construction consistent with aqueous mercury solutions. The results verify that recommended changes to the LEAF leaching methods increase the conservation of mercury in experimental work. However, the techniques resulting from this work are not limited to LEAF tests, but are widely applicable to a myriad of experiments involving mercury-contaminated materials and aqueous mercury solutions. 

[bookmark: _Toc174529220]2.3 Experimental Methods 

A series of experiments addressing materials of construction, filtration equipment, and analytical sample storage/hold times were designed and conducted to minimize mercury losses during leaching test extractions. Analytical samples were diluted quantitatively as needed using 18.2 MΩ deionized water (DIW). All samples for chemical analysis of mercury were preserved with Optima grade HNO3 (Cat #A467-250, Fisher Scientific) to a final concentration of 1% (v/v) and gold (III) standard (100 mg/L, Cat #MSAU-100PPM, Inorganic Ventures) to a final concentration of 200 µg/L [20, 21]. The maximum hold time for preserved analytical samples was 28 days with all samples stored at < 6 °C prior to analysis in accordance with EPA recommendations [EPA, 2018]. 
[bookmark: _Toc174529221]2.3.1 Experimental Design of Mercury Sorption in PTFE and Type I Glass Bottles
The objective of Experiment #1 was to compare the potential for mercury sorption to materials of construction recommended by literature [Hagelberg, 2006; Guevara, 2013]. Standard 1 µg/L solutions of HgCl2 in DIW were stored in five replicates of either 100-mL PTFE or 125-mL glass vessels for 48 hours, a contact time typical of batch extraction tests. Mercury analyses before and after storage were used to calculate the recovery of mercury after storage while the impact of mercury sorption to vessel surfaces was evaluated by rinsing storage vessels to remove sorbed mercury. An aliquot of rinsate from each vessel was added to an eluate solution. Because the sorption of mercury may increase at alkaline pH [Coyne, 1972], the experiments were repeated with pH-adjustment to pH 8 and pH 12 using KOH as described in EPA Method 1313. 
The procedure for the sorption experiment is shown in Figure 2.1 for the case of 100-mL PTFE bottles with no pH adjustment. Five 100-mL PTFE bottles were filled to approximately 95% capacity (94-mL for PTFE and 119-mL for glass) with DIW at a pH of 5. An aliquot (0.95-mL for PTFE and 1.2-mL for glass) of 100±1 µg/L HgCl2 standard solution was added to each bottle for a final mercury concentration of 1 µg/L within each vessel. In parallel, a sixth vessel was filled with only DIW (no mercury addition) as a negative control. All vessels were tumbled end-over-end for 48 hours, corresponding to a typical tumbling time in EPA Method 1313 [9]. After tumbling, two 20-mL samples were collected from each vessel and preserved for analysis. One sample was held for direct analysis (“eluate”) while the other was saved to vessel rinsate. The remaining liquid in each vessel was discarded and all vessels were rinsed with 2.5-mL of an aqueous solution containing HNO3 (1% v/v) and gold (III) at concentration of 200 µg/L. Each vessel was hand-rolled with the rinse solution for 2 minutes to remove any sorbed mercury from interior surfaces. A 0.42 mL aliquot (2% of the final analytical solution) of the rinsate was added to one of the two 20-mL analytical samples (“eluate + rinsate”). The difference in mercury mass between the target mercury concentration of 1 µg/L and the “eluate” sample was used to calculate a mercury recovery and the “eluate + rinsate” sample was used to determine if mercury had sorbed to the inner surfaces of the vessel. 

[image: ]
[bookmark: _Toc174358246][bookmark: _Toc179185066]Figure 2.1.  Experimental design of the PTFE and glass comparison tests at the natural pH of DIW with five replicates for each vessel type.
 
The above procedure was repeated several times for two bottle types (i.e., 100-mL PTFE bottles and 125-mL Type I glass bottles) at a total of three pH values (i.e., 5, 8, and 12) with the initial solution pH adjusted from the DIW’s natural pH of 5 to a pH 8 and 12 by additions of 1N KOH. In addition, the experiment was completed two more times (once for each bottle type) using an equilibrated cement solution in place of the DIW. 
The cement solution was considered more representative of the ionic strength and composition of eluates from cement-based treatment processes proposed for mercury-contaminated building debris [5]. The cement solution was prepared in bulk using undoped ordinary portland cement (OPC) paste that had been size-reduced to < 2 mm by crushing with a parallel plate grinder. The crushed OPC was contacted with DIW at a liquid-solid ratio (L/S) of 10 L/kg-dry for 48-hours in an end-over-end tumbler to mimic the natural pH extraction from EPA Method 1313 or 1316 [EPA, 2012; EPA, 2017]. After tumbling, 1-L of the solution transferred into two 500-mL Nalgene bottles was centrifuged at 700 rpm for 3 minutes to separate the eluate from solids. The eluate was used in place of the DIW in the figure.

[bookmark: _Toc174529222]2.3.2 Experimental Design of Filtration Testing of Mercury Solutions
Replacement of HDPE syringe filters with 0.45-µm polyvinylidene fluoride (PVDF) filtration media with either PTFE or glass filter membranes was investigated. For this study, 0.45-µm PTFE filters housed in PP cartridges (Cat #03-253-915, Fisher Scientific) were selected for testing. While polypropylene is a material of concern, the contact time of the solution during filtration is short, so the experiment aimed to determine if this short contact time did in fact result in sorption/losses. 
Type I glass vials (20 mL) equipped with PTFE lid liners were filled with an aqueous mercury solution (50 µg/L Hg). The pH of all solutions was adjusted using either 1N HNO3 or 1N potassium hydroxide (KOH) to pH values of 2, 5, 7, 9, and 11 within a 0.5 pH unit tolerance. For each pH value, the experiment was conducted in duplicate for a total of 10 vials. The vials were left sealed on the benchtop for 30 minutes prior to filtration. From each vial, two 10-mL aliquots of solution were collected using two Type I glass syringes and filtered through 0.45 µm PTFE filters housed in polypropylene casings. The filtered samples were placed into clean 20-mL glass vials. At each pH value, the second vial was sampled with a glass syringe and placed in a new 20-mL glass vial without filtration. All samples were preserved with Optima HNO3 and gold (III) standard and stored in a refrigerator at < 6 °C until analysis with a hold time of <28 days. The difference between filtered and unfiltered samples was evaluated after mercury analysis.

[bookmark: _Toc174529223]2.3.3 Losses during Storage Intervals with Unpreserved Eluates
Two 20-mL borosilicate glass vials with PTFE lid liners were filled with a 50 µg/L Hg solution in DIW with the pH adjusted to 11 with 1N KOH. The adjustment to pH 11 was intended to simulate the alkaline pH typically seen during cement or solidified/stabilized material testing. Each vial was sampled after a one-week holding period at room temperature, taking two 10-mL samples, and the second 10-mL from each vial was collected after two weeks. After the designated 1 or 2-week contact interval, all samples were preserved with Optima HNO3 and gold (III) standard prior to storing for analysis. 

[bookmark: _Toc174529224]2.3.4 Aqueous Sample Analysis
[bookmark: _Hlk173579032]Mercury concentrations in solution were determined by inductively coupled plasma-mass spectrometry (ICP-MS) using a Perkin Elmer model NexION 2000B (Perkin Elmer Corporation, Waltham, MA) following EPA Method 6020B [EPA, 2014]. For calibration, a Hg reference standard (Cat #PLHG4-2Y, SPEX CertiPrep) was diluted to an analytical range of 0.05 µg/L to 500 µg/L using 1% v/v Optima grade nitric acid and 200 µg/L gold(III). 50 µL of a 10 mg/L yttrium internal standard was added to 10 mL of sample aliquot prior to analysis. The method detection limit (MDL) for Hg by ICP-MS was 0.022 µg/L with a lower limit of quantitation (LLOQ) of 0.50 µg/L corresponding the lowest calibration standard. Continuing calibration verification standards (10 µg/L) and analytical blanks were analyzed every 10 to 20 samples with the check standard required to be within 15% of the specified value and blanks required to be less than the MDL. In addition, one matrix spike was analyzed for each set of 10 to 20 samples with the spike recovery required to be within 15% of the specified value. All calibration verification standards and matrix spikes were within 15% of the specified value, and all analytical blanks were less than the MDL (Appendix A.I). 

[bookmark: _Toc174529225]2.4 Results and Discussion

[bookmark: _Toc174529226]2.4.1 Mercury Recovery from PTFE and Type I Glass Bottles 
For each bottle, two 20-mL samples were collected – one for “eluate” analysis and the other for analysis of “eluate + rinsate” of the emptied bottle. Since the second sample included the rinsate, the concentration of mercury in these samples required a volume correction to back to the 20-mL of the “eluate” sample. The adjustment was made by multiplying the measured mercury concentration in the “eluate + rinsate” sample by the 20.42 mL, yielding the mass in the measured sample and dividing by the 20-mL volume of the standard collection:
	 (2.1)
The volume correction factor of 20.42/20 was 1.021. The results for this mercury recovery experiment are based on the volume corrected data. The concentration of five test replicates at pH 5, 8, 12 and the cement solution replicates at pH 12.8 are shown in Figure 2.2 for PFTE bottles (left) and Type I glass bottles (right). In general, the groupings for the five replicates at each pH value are reasonably tight indicating that these experiments are repeatable. 
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[bookmark: _Toc174356443][bookmark: _Toc174358247][bookmark: _Toc179185067]Figure 2.2.  Hg concentration in solution after storage in PTFE (left) and Type I glass (right)  bottles. Five replicates for each sample type at pH 5, 8, and 12 and the cement solution in PTFE and Type I glass bottles are represented. The DIW_eluate and Cement Solution_eluate represent the collected sample prior to rinse, whereas the DIW_eluate + rinsate and Cement Solution_eluate + rinsate represent the collected samples with an aliquot of rinsate solution added to determine if sorption of Hg occurs to the vessel types. 

Minimal differences that are not statistically significant were observed in PTFE and borosilicate glass when DIW was the bulk solution used for experimentation at pH points of 5, 8, and 12, as seen by the mean and error bars of one standard deviation reported in Figure 2.3 for each dataset. All data for the DIW water cases are centered around the target concentration in solution and within one standard deviation of the mean.
[bookmark: _Hlk163816219]For the cement solution, mercury concentrations were somewhat lower and more spread out than for the DIW experiments in PTFE bottles when the outlier is considered in the dataset. As seen in Figure 2.3, the spread of the PTFE cement solution data is greater than that of the data in PTFE for pH 5, 8, and 12. This may be attributed to the high ionic strength, high pH, and the potential for interaction of mercury with constituents in solution. Relative to the group for PTFE bottles containing cement solution, the grouping for glass bottles appears to be tighter and more closely aligned with the target solution used in the experiment, and is more consistent with the DIW pH experiments in glass. The PTFE bottles had one outlier that was two standard deviations lower than the mean. In exclusion of the outlier, the PTFE cement solution dataset is more comparable to that of the DIW PTFE data, but is still slightly lower than that of the DIW data range. 
[image: ]The mean percent recovery for each bottle type in each vessel type and pH point is presented in Figure 2.3. In this figure, error bars represent one standard deviation above and below the mean for the five test replicates at each condition. The DIW solution data at pH 5, 8, and 12 show recoveries very close to 100% with a slight decrease at pH 5. The cement solution experiment at a pH of 12.8 also showed recovery at or greater than 90%; however, these data indicate a higher degree of variability, especially for the PTFE bottles. While glass performed slightly better than PTFE with the cement solution, they are both within the 10% analytical uncertainty and easily replicable, consistent with the tolerance for the analytical method as specified in the QA/QC for analysis.[bookmark: _Toc174358248][bookmark: _Toc179185068]Figure 2.3. Mercury mean recoveries from PTFE (blue) and Type I glass (orange) bottles. Darker data is from “eluate” analysis while lighter data is from “eluate + rinsate data. Error bars indicate 1 standard deviation (n=5) from the mean.

[image: ]Overall, both PTFE and glass containers were well-suited vessels for mercury aqueous solutions when coupled with minimized headspace and the specified sample preservation methods. While glass performed slightly better with the cement background solution, both container types are acceptable for Method 1313 testing. In addition, both material types are recommended to be used throughout all testing of mercury contaminated materials, and all materials that contact with the Hg contaminated material and solutions during testing should be made of either PTFE or glass.

[bookmark: _Toc174529227]2.4.2 Results of Losses from Filtration of Mercury Solution
The results of the filtering experiment using mercury-containing aqueous solutions are shown in Figure 2.4. These results indicate that filtration through 0.45-µm PTFE membranes lead to mercury losses at pH of 11. At this pH, the mercury concentration in the filtered sample was approximately 92% of the unfiltered sample concentration. At pH values between 2 and pH 9, minimal losses were observed between filtered duplicates and an unfiltered sample. [bookmark: _Toc174358249][bookmark: _Toc179185069]Figure 2.4.  Results of 50 µg/L aqueous Hg solutions either unfiltered or filtered (replicates A and B) through glass syringes and PTFE filters housed in polypropylene.

At higher pH, sorption to the PP filtration housing was likely occurring. The results of this experiment are consistent with studies [Coyne, 1972] that indicate mercury losses from stored solutions are a function of pH, with greater losses occurring at higher pH values. 
Since filtration of aqueous samples is required in many leaching tests to separate solid and liquid phases, it is recommended that all filters cartridges be constructed of PTFE filters housed in PP and used in conjunction with Type I glass syringes. Recognizing that losses during filtration can occur when processing highly alkaline samples, whenever practical, samples at pH greater than 9 should include analysis of an unfiltered sample to provide an upper-bound estimate of mercury concentration, and a filtered sample to provide a lower-bound mercury concentration. This will provide a bounding range of the mercury concentrations, while still providing a filtered sample for chemical analysis of other constituents when required. 

[bookmark: _Toc174529228]2.4.3 Storage Intervals with Unpreserved Eluates
The results of the experiment to evaluate storage of unpreserved eluates in Type I glass are shown in Figure 2.5. No losses were observed when evaluating storage time of unpreserved eluates, which was carried out to estimate potential losses during extended eluent leaching test intervals for monolithic samples (EPA Method 1315) or for collection of eluates from percolation columns (EPA Method 1314). 
[image: ]In Figure 2.5, duplicate samples were analyzed after one week of unpreserved sample storage at room temperature and duplicate samples were analyzed after two weeks of storage. The scale in Figure 2.5 exaggerates differences in test replicates. The mean response after 7-days of storage was 50-µg/L (100% recovery) indicating no change from the target solution placed into the vials. After 14-days of storage, the mean value increase slightly to 50.30 µg/L (100.6% recovery). The difference in the mercury concentrations of the two samples for each week was well within with analytical uncertainty estimated at 5-10%. [bookmark: _Toc174358250][bookmark: _Toc179185070]Figure 2.5.  Hold time testing of Hg standard at 50 µg/L in borosilicate glass vials with PTFE lid liners in duplicate.

This two-week period could be a potential time for significant loss of mercury in solution, due to volatilization into the headspace or through sorption to the vessel walls if the containment material was not adequate. However, in a borosilicate glass container with PTFE lid-liners and minimal headspace, minimal losses occurred at a pH of 11.0. This leads to the recommendation for minimizing headspace and use of PTFE or borosilicate glass containers when conducting leaching tests where mercury is a COPC. 

[bookmark: _Toc174529229]2.5 Conclusions

Several experiments were conducted to test the parameters of leaching tests for inorganics for potential mercury sorption which could result in under-prediction of mercury leaching. Experiments evaluating the use of PTFE and Type I glass bottles for batch extractions and eluate storage vessels indicated that these materials sorb little to no mercury. Therefore, batch extractions that specify HDPE (e.g., EPA Method 1313 and 1316) for batch extractions or HDPE vessels for analytical sample storage (e.g., nearly all leaching tests), should be modified to recommend PTFE or Type I (borosilicate) glass when mercury is to be evaluated. Filtration losses when using PTFE filters housed in PP occurred at pH greater than 9, requiring alternative methods or materials for collection for samples at a high alkalinity. Storage of unpreserved mercury samples in glass bottles with PTFE lid liners resulted in no losses over a two-week period. Therefore, leaching tests that include long-term storage of unpreserved eluates (e.g., EPA Method 1314 and 1315) should consider storage in glass vessels coupled with minimized headspace, minimizing sorption or volatility losses. In all experiments, preservation methods are key when using mercury contaminated aqueous solutions. It is recommended that all analytical samples for mercury analysis should be preserved with Optima-grade HNO3 (1% v/v) and gold standard (200 µg/L) with samples storage at < 6 °C prior to analysis. Overall, the results of this study indicate that the use of compatible materials and minimal headspace can increase the likelihood of closing the mass balance when using aqueous samples containing mercury and will therefore give more informed results that can be applied to treatment of mercury contaminated waste. 


[bookmark: _Toc174529230]Chapter 3 – The pH-Dependent Liquid-Solid Partitioning (LSP) of Hg2+ and Hg(0) With Ordinary Portland Cement and Soils

[bookmark: _Toc174529231]3.1 Abstract

A series of experiments are described that analyze the pH-dependent liquid-solid partitioning (LSP) of Hg2+ and Hg(0) with ordinary portland cement (OPC), backfill soils, and a combination of 75% OPC - 25% soil. Geochemical speciation modeling also was conducted to support the experimental results and predict the controlling mechanisms for mercury behavior within each material. Partition coefficients of mercury and OPC are estimated to range 1-215 L/kg, mercury and soils 270-4400 L/kg, and mercury with OPC:soil to range from 25-2800 L/kg. The partitioning of mercury with the OPC:soil mixture is controlled by OPC in the alkaline to neutral pH range, and by soil in the acidic pH domain. Geochemical speciation modeling predicts that mercury pH-dependence is predominantly controlled by sorption to hydrous ferric oxides (HFO) in the acidic to neutral pH domain. This mechanism is highly dependent on the iron phases predicted by the model and the total available content of iron in each material. In the neutral to alkaline pH domain the mercury remains in solution under oxidizing conditions. Under modeled reduced conditions, Hg(0) formation occurs in the majority of cases beginning at a pH of 4 and continuing through the alkaline domain. The experimental results and geochemical speciation modeling both support the fact that based on the initial concentration of mercury added in the sorption tests compared to the mercury in solution after testing, the backfill soil can act as a sink for mercury in a landfill disposal scenario. The experimental and geochemical speciation model also support that the most relevant pH domain is from 8-13, bounded by the natural pH of soil and the natural pH of cement, respectively. Additionally, the phase of mercury added to each system will affect the overall sorption of mercury to the solids present, with Hg2+ more readily adsorbed to the solid materials in comparison to Hg(0). The partition coefficient estimates calculated from the experiments can be used to estimate the total mercury concentration anticipated in leachate from a landfill disposal scenario with 75% debris (concrete material) and 25% backfill soil, assuming the debris passes the toxicity characteristic leaching procedure (TCLP) limit of 0.2 mg/L. Dependent on the partition coefficients used, the total mercury concentration estimated in leachate ranges from 6-170 µg/L. Under the assumed landfill conditions in the leachate concentration estimation, the majority of the available mercury in the system sorbs to soil solids, indicating that the soil is a major sink for mercury. 

[bookmark: _Toc174529232]3.2 Introduction

The treatment and disposal of mercury contaminated materials is a national need. Due to the physical properties of elemental mercury, including volatility potential, high surface tension, and low solubility, disposal is often a difficult process for long-term environmental and human health safety. For example, at the United States Department of Energy (U.S. DOE) Y-12 National Security Complex in Oak Ridge, Tennessee, there are four decommissioned buildings with significant mercury contamination in need of remediation for disposal [OREM, 2013]. The buildings were contaminated through spills, air emissions and accidents associated with the use of Hg(0) as a solvent for lithium separation conducted from 1950 to 1982 [U.S. DOE, 2016]. Nearly 2,000 tons of Hg(0) was lost during the building’s life-span. Vapor deposition and capillary condensation of spilled mercury was the predominant contamination pathways into the walls, floors, roofing, and surrounding soils [Mayer, 2019]. One proposed deposition for the demolition debris from these buildings is an on-site hazardous waste landfill to be regulated under the Resource Conservation Recovery Act (RCRA) [U.S. EPA, 1986]. The size of the landfill is estimated to be approximately 2.2 million cubic meters [OREM, 2024]. 
Debris from building demolition must meet RCRA acceptance criteria for landfilling. The waste acceptance criterion of 4 mg/kg is the mass solid phase content that will meet the Toxicity Characteristic (TC) limit of 0.2 mg/L for mercury [40 CFR part 264.24] from the Toxicity Characteristic Leaching Procedure (TCLP) [EPA, 1992], assuming no sorption to the solid phase under TCLP test conditions. The informal “Rule of 20” is a concept that links TCLP extraction concentration [mg/L] to solid phase content [mg/kg] through the TCLP extraction liquid-to-solid ratio (L/S) of 20 L/kg. Thus, the total content criterion of mercury <4 mg/kg forms a solid phase screening tool for debris that can either be landfilled or must be treated prior to disposal. However, TCLP has been highly criticized by the United States Environmental Protection Agency’s (U.S. EPA) Science Advisory Board (SAB) for procedural and interpretation issues that limit the applicability of the method for several situations [SAB, 1991; SAB, 1999]. For example, the acetate solution recommended within the TCLP protocol is intended to buffer the final eluate to a pH of approximately 5, consistent with municipal solid waste leachate. However, when testing alkaline materials, such as building debris based on ordinary portland cement (OPC), the acid neutralization capacity of the material dominates the acetate buffer, raising eluate pH to 8 or more [Kosson, 2002; Sanchez, 2002; Intrakamhaeng, 2018; Ghosh, 2004]. In addition, the use of an acetate solution can form soluble complexes with mercury and other constituents of concern, resulting in increased leaching. Therefore, TCLP is a poor indicator of leaching behavior or leaching potential.
One suggested scenario for disposal of building debris in a RCRA landfill is shown in Figure 3.1 along with various pathways of leaching and transformation of mercury within the disposal cell. This figure was used as the basis for consideration of the research methods described in this chapter. The landfill conceptual model depicts mercury-contaminated debris disposed of alongside backfill to minimize air-gaps in the landfill. The disposal unit is placed over a leachate collection system that will monitor mercury concentrations in the landfill leachate. The unit is overlaid by a RCRA-compliant multi-layer cap system to minimize infiltration into the disposal cell. Within the cell, mercury may move between solid phases, transfer between mobile and immobile forms, or undergo a series of chemical reactions that include oxidation/reduction, methylation, complexation, and chelation. The conceptual model for disposal of mercury-contaminated debris in Figure 3.1 also shows several potential transport pathways of release of mercury, including volatilization and condensation of mercury vapor, diffusion between debris and backfill soil due to concentration gradients between materials, and transport with infiltration via percolation. These pathways represent possible methods for transfer of mercury from the waste into the landfill leachate, and eventually out of the landfill. If the system is assumed to be water saturated, the porewater within the landfill can be assumed in equilibrium with the backfill soil and debris, leading to distribution of mercury among the two solid phases and the porewater. 

 [image: ]
[bookmark: _Toc174356444][bookmark: _Toc174358251][bookmark: _Toc179185071]Figure 3.1. Conceptual model of a RCRA landfill for disposal of treated mercury contaminated waste. The potential transformations, transport pathways, and all monitoring systems are included.

Based on this conceptual model, the liquid-solid partitioning (LSP) of mercury between relevant solid phases is a key distribution of interest, as it will determine the overall amount of mercury in the leachate that could exit the landfill. LSP measured in sorption or extraction tests is highly dependent on the material and solubility of the mercury species present. Mercury primarily exists in the environment in two inorganic forms – Hg(0) or Hg2+ – with Hg(0) solubility reported at 5.6E-6 g/L [Davis, 1997] significantly lower than the solubility of a common Hg2+ compound, HgCl2, at 69 g/L [Davis, 1997; NCBI]. The variation in solubility with speciation, along with the eluate pH and the composition of solid materials and eluate solutions, can influence the LSP behavior. Understanding the effects of these parameters as well as the impact of backfill soil on the porewater concentration within the landfill is critical to development of predictive models or equations that simulate the performance of the landfill to retain mercury. In the literature, the LSP of mercury to soils is often represented by linear partition coefficients, Kd, which can range from 102 to 105 L/kg [Lyon, 1997; Allison, 2005; Wu, 2017]; however, Kd data for mercury in OPC is very limited with and without the presence of soil. 
The goal of this research is to determine the LSP of mercury as a function of equilibrium pH for Hg(0) and Hg2+ (represented by HgCl2) in equilibrium with three solid phases: i) OPC, (ii) backfill soil provided by Oak Ridge National Laboratories (ORNL), and (iii) a 75:25 blend of OPC and backfill soil. The LSP was determined as linear partition coefficients, Kd, as a function of equilibrium pH using a batch sorption test adapted from the procedure of EPA Method 1313 [U.S. EPA, 2019]. Geochemical speciation models calibrated to the results of these sorption experiments were used to simulate the mercury sorption behavior to explore the various minerals to which mercury may sorb and to predict mercury sorption behavior at L/S and redox conditions typical of closed disposal cells. Geochemical speciation model simulations provided bounding conditions and estimates of mercury concentrations in landfill leachate that can be used to predict the overall LSP of mercury when exposed to both OPC and soil. The determined partition coefficients were used as parameters in conjunction with a mass balance to estimate mercury leachate concentrations within the landfill disposal scenario. 

[bookmark: _Toc174529233]3.3 Materials and Methods

[bookmark: _Toc174529234]3.3.1 Materials

[bookmark: _Toc174529235]3.3.1.1 Mercury Standards 
A bulk saturated mercuric chloride solution of 6.5% HgCl2 (Cat#LC166201, Fisher Scientific) was used for all experiments containing Hg2+. Calculations to create diluted HgCl2 solution were based on 6.5% HgCl2 and 93.5% water content, giving a concentration of approximately 69 g/L mercury. Liquid elemental mercury (Cat#AA00522P1, Fisher Scientific) with a 99.999% metals basis was used in all Hg(0) experiments. For the required eluent in the Hg(0) experiments, Hg(0) was placed in either a deionized water (DIW) or 1 mM CaCl2 solution on a stir-plate to equilibrate for three days at 68°F. After equilibration, 20-mL samples of the Hg(0) spike solution were collected and preserved for analysis.

[bookmark: _Toc174529236]3.3.1.2 OPC 
An OPC paste was created in-house using Type I/II commercial grade Quikrete and DIW at a water-cement (w/c) ratio of 0.45 [Kim, 2014]. Approximately 4 kg of OPC was cast into plastic zip-top bags, flattened into sheets of approximately 1-cm thick, and cured on a bench top at 68°F for 28 days. After curing, the OPC was particle-size reduced using a metal plate crusher until 85 wt% passed a U.S. No. 10 sieve with a 2-mm stainless steel mesh. The solids content of the 2-mm OPC following ASTM D2216 [ASTM, 2019] was 0.815 g-dry/g.

[bookmark: _Toc174529237]3.3.1.3 Backfill Soil
The sample of soil of a similar type as the soil anticipated for backfilling the disposal unit was provided by the DOE Oak Ridge Office of Environmental Management (OREM) in Oak Ridge, Tennessee. The soil was air-dried to constant mass over one week before being particle-size reduced by hand-crushing until 85 wt% soil was able to pass a U.S. No. 10 sieve with a 2-mm stainless steel mesh. The soil was homogenized after sieving. Two 40-g samples of the soil were sent to Waters Agricultural Laboratories, Inc. (Camilla, Georgia) for analysis of cation exchange capacity (CEC) and soil texture. The results indicated that the backfill soil is classified as a clay-loam with 36% sand, 30% clay, and 34% silt. The CEC was 20.7 meq/100 g. The solids content of the air-dried soil following ASTM D2216 [ASTM, 2019] was approximately 1.0 g-dry/g. 

[bookmark: _Toc174529238]3.3.1.4 Blended Soil:OPC Material
During testing of LSP with the blended material, 8.28-g of OPC (6.75 g-dry) and 2.25-g of backfill soil (2.25 g-dry) were added to each 100-mL PTFE container used for the sorption test to create a 75:25 blend of OPC and soil.  

[bookmark: _Toc174529239]3.3.2 Solid Phase Characterization
A subsample of backfill soil was sent for X-ray diffraction (XRD) analysis at the Geological Survey of Israel (Jerusalem, Israel). XRD analysis (Appendix B.IV) was used to determine the abundances and identification of minerals that may be influential in the geochemical speciation model. Thermogravimetric analysis (TGA) was also used to estimate the carbonate content of the backfill soil for use in geochemical speciation models (Appendix B.V). The content of hydrous ferric oxides (HFO) in both the OPC and soils were determined experimentally using the Internal Organization for Standardization (ISO) methods 12782-1 and 12782-2 [ISO, 2012; ISO, 2012] (Appendix B.VI). 

[bookmark: _Toc174529240]3.3.3 Sorption Test Procedure
Sorption experiments were designed to measure Hg2+ and Hg(0) sorption onto the OPC, the soil, and the OPC:soil blend. The batch sorption conditions (i.e., L/S and target pH values) were adapted from the U.S. EPA Method 1313 leaching extraction procedure (Appendix B.I). Figure 3.2 shows the experimental procedure of the sorption tests which generally consisted of batch set up (Step 1), pre-equilibrium/pH adjustment (Step 2), Hg spiking (Step 3), re-equilibration for sorption to occur (Step 4), eluate processing (Step 5), and eluate preservation (Step 6). 

[bookmark: _Toc174529241]3.3.3.1 Experimental Design 
Sorption testing included experiments using HgCl2 (Hg2+) and Hg(0) onto OPC, backfill soil, and the OPC:soil blend. Experiments using Hg2+ targeted two levels of mercury loading equivalent to 0.4 mg/kg and 4 mg/kg (Hg2+/solid). A full range of the target pH values specified in U.S. EPA Method 1313 (pH 2, 4, 5.5, 7, 8, 9, 10.5, 12, and 13) was tested for Hg2+ sorption onto the OPC and OPC:soil blend material at 4 mg/kg mercury loading. The target pH values were limited to pH=8 (natural pH of the soil) and pH=13 (natural pH of OPC) for the 0.4 mg/kg mercury loading for all solids and the 4 mg/kg mercury loading for soils.  
The experiments using Hg(0), however, target only the solubility limit of Hg(0) (Hg(0)/solid). Because Hg(0) was pre-equilibrated with leaching solution and introduced during the batch test set up, only one 48-hour equilibration step (Step 4 in Figure 3.2) was required. Additionally, the full set of target pH values specified in U.S. EPA Method 1313 were conducted for Hg(0) sorption onto OPC; however, only bounding pH conditions (i.e., target pH 8 and 13) were tested for Hg(0) sorption onto the backfill soil and the OPC:soil blend.  


[bookmark: _Toc174356445][bookmark: _Toc174358252][bookmark: _Toc179185072]Figure 3.2. Experimental design of sorption testing adapted from Method 1313 with HgCl2 as the mercury addition. Experiments containing Hg(0) skip step 3, and have only one equilibration tumble. 

[bookmark: _Toc174529242]3.3.3.2 Setup of Batch Tests and Controls 
All sorption tests were conducted in 100-mL polytetrafluoroethylene (PTFE) bottles. The dry equivalent mass for 9.0 g-dry of particle size reduced OPC, backfill soil, or OPC:soil blend was added to duplicate PTFE bottles for each target pH position. A 90-mL aliquot of DIW (OPC) or 1-mM CaCl2 (soil and OPC:soil blends) was added to each bottle along with a spike of dilute HNO3 or KOH to lower or raise equilibrium pH based on a pre-test titration curve (Appendix B.I). The leaching solution and acid or base resulted in a L/S of 10 mL/g-dry. The U.S. EPA recommends 1-mM CaCl2 solution when testing soil samples to provide a surplus of divalent ions that bridge clay layers and reduce deflocculation of clay minerals and dissolution of natural organic matter [U.S. EPA, 2024].  
In addition to the specified test positions, additional bottles were set up with solid and liquid but without mercury spike as negative controls. Negative controls were analyzed to demonstrate that no mercury was contained within solutions or on vessel surfaces. Also, duplicate positive controls (i.e., Hg-spiked leaching solutions with no solid) were included at acidic, neutral, and alkaline pH points. Positive controls were analyzed to determine the recovery of mercury when no solid phase was present.
 
[bookmark: _Toc174529243]3.3.3.3 Pre-Equilibration and Mercury Spiking 
The vessels were tumbled end-over-end for 48 hours to equilibrate solids and background solution prior to addition of mercury. 
For Hg2+ experiments, the equilibrated solution was spiked with 1-mL of an HgCl2 solution containing an amount of HgCl2 equivalent to either 4 mg/kg or 0.4 mg/kg of Hg2+/solid. Spike concentrations were based on the dry mass of the material (Appendix B.II) and adjusted for the mass of chloride so the spike was at 4 mg of mercury per kg of dry solids. The spiked samples then were placed back in the end-over-end tumbler for another 48 hours to re-equilibrate with the Hg spike. 
When Hg(0) sorption was tested, the pre-equilibration and Hg spiking steps were skipped because Hg(0) was pre-equilibrated with leaching solution as described in Section 3.3.1.1.

[bookmark: _Toc174529244]3.3.3.4 Eluate Processing and Preservation 
Following the re-equilibration tumble, a 5-mL aliquot of solution was collected for measurement of pH and electrical conductivity (EC) which were recorded for each duplicate sample. Eluate samples were collected for chemical analysis and preserved according to the recommendations to minimize mercury losses by Kelley et al. [2024]. These recommendations included that all samples for chemical analysis of mercury be preserved with Optima grade HNO3 (Cat #A467-250, Fisher Scientific) to a final concentration of 1% (v/v) with addition of a gold (III) standard (Cat #MSAU-100PPM, Inorganic Ventures) to a final concentration of 200 µg/L. The maximum hold time for preserved analytical samples was 28 days with all samples were stored at <6 °C prior to analysis [EPA, 2018]. 

[bookmark: _Toc174529245]3.3.3.5 Eluate Sample Analysis
Analysis of aqueous samples consisted of ICP-MS for mercury concentration determination following EPA Method 6020B [EPA, 2015] (Appendix A.I). All other inorganic cationic constituents were quantified using ICP-OES following EPA Method 6020D [EPA, 2015] (Appendix B.III). Analytical samples for ICP-MS were diluted quantitatively as needed using 1% (v/v) Optima grade HNO3 in 18.2 MΩ DIW.

[bookmark: _Toc174529246]3.3.4 Geochemical Speciation Modeling 
Geochemical speciation modeling computer simulations were used to (i) evaluate the postulated chemical reactions occurring within the proposed system, and (ii) to estimate behavior in the environment beyond the limits of experimental study in a laboratory or field monitoring scenario. In this study, geochemical speciation modeling was used to define a dataset of potential mineral phases responsible for sorption of mercury within each material. In addition, geochemical speciation modeling was used to provide insight into the controlling mechanisms of mercury partitioning on OPC and soils. 
Modeling was conducted using the Objects Representing CHEmical Speciation and TRAnsport (ORCHESTRA) modeling framework [Meeusen, 2003] embedded in the software package, LeachXS™ [Vanderbilt, 2024]. The LeachXS-ORCHESTRA software (version 3.1.2) was used to develop a representative virtual material that simulates the equilibrium LSP for combinations of Hg2+ and Hg(0) sorption onto the OPC, the backfill soil, and the OPC:soil blend. A virtual material is a geochemical description of a material that provides simulated leaching test data consistent with the laboratory pH-dependent testing. This virtual material consists of the available content of constituents, the mineral assemblages that approximate the geochemistry controlling the pH-dependent behavior of the laboratory leachates, and parameters that represent the adsorption surface parameters and adsorption reaction sets. 
Since the chemical composition of the solid phase and the contacting solution are important parameters, the major constituents include in the virtual material were Al, Ca, Fe, K, Mg, Na, S, and Si for soil and OPC, with other minor and trace constituents (i.e. Mo, P, Sr, V, etc.) considered as required to fit the model simulations to the sorption test results. The carbonate content was set at 2.12E4 mg/kg for soils based on the TGA results (Appendix B.V). Other initial conditions include an L/S of 10 L/kg-dry, pe=10 or pe=6, Samson-Marchand activity model [Samson, 1999], and samples are in batch equilibrium contained in a finite volume with no headspace. A pe=10 was simulated to reflect the typical laboratory conditions of the experiments and a pe=6 was simulated to reflect the more reducing conditions often found in a landfill [Lee, 2006]. A secondary L/S of 0.3 L/kg-dry was also simulated to represent the L/S of porewater and solids in a landfill. 
The aqueous speciation and mineral reactions (Appendix B.IX) were derived from minteq.v4, cemdata18.1, and LLNL databases [U.S. EPA, 1998; Lothenbach, 2019; Delany, 1990] (Appendix B.X). The maximum concentration of each constituent across the pH domain was used as the total available content in the dataset (Appendix B.XI). The mineral assemblages were identified through previous modeling work on OPC pastes [Gruber, 2022], XRD analysis on the soils, and general knowledge of common minerals found in OPC and soils. Clay adsorption is possible with a clay available content value set at 3.0E5 mg/kg for soils, estimated from XRD results and textural analysis conducted by Waters Agricultural Laboratories, and an arbitrary value of 50 mg/kg for OPC [Branch, 2018]. Clay adsorption was tied to the minerals kaolinite and illite in the soils and OPC/soils modeling systems. Hydr(ous) ferric oxide (HFO) adsorption is also possible, with an HFO concentration of 2880 mg/kg for soils and 2660 mg/kg for OPC (Appendix B.VI). HFO adsorption was tied to the mineral ferrihydrite in all models. 

[bookmark: _Toc174529247]3.4. Results and Discussion

[bookmark: _Toc174529248]3.4.1 Sorption Experiments and Geochemical Speciation Modeling 
The pH-dependent mercury concentration in leachate from each sorption case study with HgCl2 is shown in Figure 3.3 while the Hg(0) results are shown in Figure 3.4. The results of the other major cationic constituents are presented in the supplemental material as well as the predicted mineral formations for each (Appendix B.XII). 

[bookmark: _Toc174529249]3.4.1.1 Positive Control Analysis
For the HgCl2 experiments, the recovery of mercury in positive controls ranged from 60-100% based on the mercury content in the analyzed spike solutions. Overall, the spike solutions used in the HgCl2 experiments typically analyzed lower than the expected concentration for most experiments; however, this was attributed to issues in the initial dilutions where the bulk HgCl2 standard was reported to have a range of mercury concentration between 6-6.5% while all dilution calculations were based on a mercury concentration of 6.5%. 
Controls in the Hg(0) experiments typically reported a much lower percent recovery, ranging from 38-85%. The spike solutions used in each experiment also reported a wide range of mercury concentration. The use of 1 mM CaCl2 as the eluent in the Hg(0)/soils and Hg(0)/OPC/soils experiments resulted in much higher concentrations of mercury than the DIW eluent. The presence of CaCl2 likely increased the oxidation of Hg(0) to Hg2+ during the equilibration process, as seen in literature when CaCl2 is used to remove Hg(0) from flue gas [Zhang, 2018]. Detailed reports of the controls, spike solutions, and eluate mercury concentrations are provided in Appendix B.VII. 

[bookmark: _Toc174529250]3.4.1.2 Sorption of Hg2+ onto OPC, soil, and OPC:soil blend
Figure 3.3 shows the results of the HgCl2 with OPC, soils, and blended OPC and soils materials at 0.4 mg/kg and 4 mg/kg total mercury with modeling predictions.
    
[bookmark: _Toc174356446][bookmark: _Toc174358253][bookmark: _Toc179185073]Figure 3.3. Results of sorption experiments conducted at initial mercury contents of 0.4 mg/kg and 4 mg/kg using HgCl2 in OPC (top), backfill soil (middle), and OPC:soil blend (bottom). Also shown is geochemical speciation simulation at L/S 10 L/kg-dry and 0.3 L/kg-dry modeled at a pe=10, and L/S 0.3 L/kg-dry modeled at a pe=6.

In each graph in Figure 3.3 the experimental results are shown as well as the model simulated behavior created in LeachXS/ORCHESTRA for an L/S of 10 L/kg and 0.3 L/kg at a pe=10 and an L/S of 0.3 L/kg at a pe=6. The L/S 0.3 L/kg is more representative of the L/S that would often be seen in a landfill due to the porewater in a coarse landfill material, such as soil or debris [EPA, 2014]. Reduced conditions (pe=6) at L/S 0.3 L/kg-dry are included to check the experimental data and provide conditions that could occur in a landfill under reduced conditions. The reduced conditions see a decrease in mercury concentration around a pH of 4 in several cases where the available content of mercury is greater than 0.01 mg/L. The decrease in mercury concentration is formation of Hg(0) in the reduced conditions (Appendix B.XIII). Hg(0) formation is not seen in cases with an available content less than 0.01 mg/L as the low available content remains below the solubility of Hg(0), leaving all mercury in solution. As the lower L/S simulations have higher concentrations of mercury in solution, Hg(0) formation is seen in Figure 3.3 for an L/S 0.3 L/kg-dry at a pe of 6 for all cases except 0.4 mg/kg HgCl2 with soils. 
Throughout all HgCl2 cases, sorption of mercury to HFO is predicted in the mildly acidic-neutral pH domain, with significant sorption predicted in the Hg2+/soils models. There is very minimal sorption to HFO in the Hg2+/OPC and Hg2+/OPC:soil cases, as seen in Figure 3.4 (all cases in Appendix B.XII). As HFO is tied to the ferrihydrite mineral in all cases, the minimal sorption seen could be due to the low iron content throughout each experiment. As the total available content of cationic constituents is typically seen at a pH <2, it is likely that there is a higher total of iron in each material than is seen in the representative model for each, as a pH<2 was not reached for most studies. Particularly for cases using OPC, the pH will buffer around 3-3.5 regardless of the acid addition, making a pH <2 difficult to attain. In the 4 mg/kg HgCl2 soils results, the mercury concentration at pH 13 is about an order of magnitude lower than that of the concentration at pH 11. The lower mercury concentration at pH 13 could be from excess mercury in the system absorbed onto the soils or minerals formed during the pH dependence study, such as brucite or calcite [Hovelmann, 2018], analytical uncertainty, or formation of solid Hg(OH)2. As the model did not predict Hg(OH)2 formation, the lower mercury concentration at pH 13 is more likely sorption to a mineral that is unable to be predicted in the geochemical speciation modeling, analytical uncertainty, or losses from volatility during experimentation, although precautions were taken to minimize volatility losses. Positive controls for the 4 mg/kg HgCl2 experiment with soils estimate losses of 0-5% in the alkaline pH domain, further supporting the likely sorption of mercury to a mineral at pH 13. With data correction using positive controls, there is between 50-80% sorption of mercury to solids seen during the equilibration period of the sorption testing. The likely retention mechanisms in the pH domain of interest, 8-13, is sorption to soil organics, sorption to cement minerals, and/or reincorporation into the pore structure of the OPC. 
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[bookmark: _Toc174358254][bookmark: _Toc179185074]Figure 3.4. Selected results of simulated mineral formation for mercury at L/S 10 L/kg-dry for a selection of cases. Sorption to HFO occurs in all cases, with minimal sorption in the OPC and OPC:soils blended material results. 

[bookmark: _Toc174529251]3.4.1.3 Sorption of Hg(0) onto OPC, soil, and OPC:soil blend
In Figure 3.5, the model also predicts HFO sorption in the Hg(0) cases, seen in the dip in the L/S=10 L/kg data series, most notably in the Hg(0)/soils case with minimal HFO sorption is seen in the Hg(0)/OPC and Hg(0)/OPC:soils case, as seen in Figure 3.4. Similar to the L/S 0.3 L/kg at pe=6 simulation for the HgCl2 experiments, formation of  Hg(0) is seen in each graph around a pH of 4 (Appendix B.XIII). Experimental results of the Hg(0)/OPC study shows more variability between replicates, and a significant decrease in Hg(0) concentration at pH 13 in the Hg(0)/OPC:soil results. This Hg(0) decrease in the OPC:soil experiment could be from volatility losses, analytical uncertainty, or sorption to minerals that are unable to be predicted in the model. 
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[bookmark: _Toc174358255][bookmark: _Toc179185075]Figure 3.5. Results of Hg(0) with OPC, soils, and 75/25 OPC:soils, with the model predictions at an L/S=10 L/kg-dry and 0.3 L/kg-dry. Results are shown as mercury concentration (mg/L) as a function of eluate pH. 

Hg(0) is much more difficult to use in experimentation compared to Hg2+, as it can be unpredictable and has a higher likelihood of volatilization. Additionally, gold(III) standard and acidification with HNO3 to 1% v/v was used as the preservation method throughout this experimental design, which worked very well for experiments using Hg2+. However, potassium permanganate-persulfate digestion (KMnO4 – K2S2O8) [Zhang, 2020] may have been a more effective preservation method for experiments using Hg(0) as it is a stronger oxidizing agent and would have converted all Hg(0) to Hg2+ in the aqueous samples prior to analysis and for better preservation. 
In regards to the Hg(0) formation under reduced conditions throughout the majority of model predictions shown in Figures 3.3 and 3.5, if the total available content of mercury is above the solubility limit of Hg(0), 0.056 mg/L, then the formation of liquid Hg(0) occurs. Therefore, the concentration of mercury in the aqueous solution quickly drops to below the solubility limit of Hg(0). This concept could be an issue during TCLP testing for informing disposal practices in a RCRA landfill, as the TCLP limit of 0.2 mg/L is an order of magnitude higher than the solubility limit of Hg(0). If Hg(0) does not oxidize to Hg2+ during testing, then the eluate from TCLP will always meet the RCRA waste acceptance criteria regardless of the total mass of Hg(0) in the contaminated material due to low Hg(0) solubility. A selection of models with a 0.1M acetic acid addition has been included in Appendix B.XIII to confirm the mercury concentration in the aqueous phase under reduced conditions. If Hg(0) contaminated material continues to meet the RCRA waste acceptance criteria, the mass of mercury added to the landfill could be significantly higher than the estimated mass based on the TCLP eluate concentration. 
Predominance diagrams of the predicted mercury phases over the entire pH-pe domain were generated for each material case as well, as seen in Figure 3.6. The available content for all constituents to generate the predominance diagrams can be found in Appendix B.XI.
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[bookmark: _Toc179185076]Figure 3.6. Predominance diagrams for Hg/OPC case (top left), Hg/Soil case (top right), and Hg/blended OPC/Soil case (bottom left). 

For all cases the presence of selenium in the system causes formation HgSe in the reduced pe domain. Due to a higher equilibrium constant for HgSe when compared to HgS, (121 compared to 73) this is the preferred reaction based on the available content of constituents provided in the model. However, if the available content of selenium is decreased, HgS formation will occur under reduced conditions. In regards to disposal techniques, while sulfur addition for HgS formation is the most common and traditional method for mercury stabilization, selenium addition for HgSe formation has been studied as a stabilization method due to the insolubility of HgSe and stability under reduced conditions, similar to that of HgS [Huang, 2022; Ullah, 2012; Yang, 2019].
Additional predicted mercury species include mercury chloride containing compounds. Both the Hg/soil and Hg/blended material cases predict a broader domain of formation of mercury and chloride compounds due to the use of 1 mM CaCl2 as the solution during sorption testing which led to higher available content of chloride in these systems compared to the Hg/OPC case. HFO sorption is predicted in both the Hg/OPC and Hg/soils case under oxidized conditions, reflecting what is predicted in the model phase diagrams. However, HFO sorption is not included in the phase diagram for the blended materials case. The mineral phase diagrams seen in Figure 3.4 for the blended material reflect this, showing minimal sorption to HFO in both the HgCl2 and Hg(0) results. 
The predicted mercury speciation as seen in the predominance diagrams for each case can be used to inform disposal requirements. For instance, dissolved species of mercury exist under more oxidizing conditions, so a reduced environment is necessary to contain mercury in solid phases like HgSe or HgS. Additionally, if HFO sorption is a targeted controlling mechanism, the pH domain must be slightly acidic to neutral, which will be difficult to achieve if the majority of debris added to the disposal cell is a concrete or cement based material. 

[bookmark: _Toc174529252]3.4.1.4 Solid-Liquid Partition Coefficients 
[bookmark: _Hlk174348876]A partition coefficient, or Kd, can be estimated for each test position in the experiments. Equation 3.1 provides the equation for Kd, and the absorbed mercury is defined in Equation 3.2. The spike solution is unique to each experiment. In the case of the HgCl2 experiments, it is the analyzed mercury concentration of the spike solution used that was either a 0.4 or 4 mg/kg total mercury target. In the case of the Hg(0) experiments, the spike solution is the collected equilibrated Hg(0) solution that was used as part of the DIW or 1 mM CaCl2 addition to each test position in the experimental set-up. An L/S of 10 L/kg-dry is used in Method 1313A and is included in the calculations to provide absorbed mercury in terms of mg/kg. In equation 3.1, the general notation for an equation term in the derivation takes the form of  , where: 
 for aqueous concentration [mg/L] and  for solid phase concentration (i.e., content) [mg/kg];  for solid phase content and  for the aqueous concentration; and  for mercury materials. 

		(3.1)
		(3.2)

These calculated partition coefficients provide an estimation of the LSP of mercury in a landfill with demolition debris and backfill soil dependent on pH. Overall, Hg/OPC experiments resulted in a range of 1-45 L/kg of partition coefficients, with one outlier at 430 L/kg (at a pH of 3.5 for Hg(0)/OPC), while Hg/soil experiments resulted in a higher range, from 270-4400 L/kg. Hg/OPC:soil experiments resulted in a range from 25-2800 L/kg (Appendix B.VIII). For the blended material, the partition coefficients reflect OPC partitioning in the alkaline pH domain and soil partitioning in the acidic pH domain, particularly for the 4 mg/kg HgCl2 blended material case. A selection of partition coefficients that are used in Section 3.3.2 results are shown in Table 3.1.

[bookmark: _Toc174529331]Table 3.1 Selection of partition coefficients for mass balance calculations with 4 mg/kg HgCl2 OPC and soil experiments
	Sample
	pH
	
	
	
	Mean 

	Hg2+ Sorption
	
	
	
	

	OPC-A
	12.9
	0.092
	1.75
	19
	18

	OPC-B
	12.8
	0.099
	1.68
	17
	

	Soil-A
	8.32
	0.003
	2.23
	680
	700

	Soil-B
	8.09
	0.003
	2.24
	720
	

	Hg(0) Sorption
	
	
	
	

	OPC-A
	13.1
	0.009
	0.35
	38
	22

	OPC-B
	13.1
	0.029
	0.15
	5
	

	Soil-A
	8.95
	0.0004
	1.22
	3100
	3600

	Soil-B
	8.88
	0.0003
	1.23
	4100
	



[bookmark: _Toc174529253]3.4.2 Predictions of Mercury Concentration in Landfill Leachate 
The solid-liquid partitioning coefficients at the natural pH of OPC and soil were used to parameterize an equation that estimates the porewater solution within an assumed landfill of mercury-contaminated debris. The porewater concentration was derived based on a mass balance calculation on a 1 m3 control volume of a landfill consisting of 75% (v/v) debris and 25% (v/v) backfill soil with no air gaps. Based on RCRA criteria, all debris to be disposed of in the landfill must contain less than 0.2 mg/L of total mercury in the TCLP eluate. Using the previously described “Rule of 20”, a solid mass content of 4 mg/kg total mercury in debris was used in the estimation of porewater solution. 
Additional assumptions for this estimation include:
The landfill is made up of 75% concrete-material demolition debris and 25% backfill soil, with the backfill soil filling in all pore space around the demolition debris. 
The landfill is in equilibrium with respect to mercury in solids and porewater, and the porosity of the landfill is water-saturated such that all pore space is occupied by water. Therefore, there are no gas phases. 
The aggregate in the demolition debris is inert with 0% porosity.
As the landfill is in equilibrium, the concentration of mercury in the porewater of the backfill soil and OPC is equal. 
The debris consists of 15 wt% OPC [Portland Cement Association, 2024] with the balance of the debris comprised of inert, relatively non-porous aggregate. Figure 3.7 shows the conceptual model of the local equilibriums assumed in the mass balance of the landfill. 
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[bookmark: _Toc174358256][bookmark: _Toc179185077]Figure 3.7.  Interactions between backfill soil and debris (represented as OPC and aggregate) and the local equilibrium assumptions between each material.

The density and porosity of each material are presented in Table 3.2.

[bookmark: _Toc174529332]Table 3.2. Density and porosity values for each material for the mass balance derivation.
	Known Variables
	Value 
	Citation

	ρdebris
	2,570 kg/m3
	[Branch, 2018]

	ρopc
	1,480 kg/m3
	[Gruber, 2022]

	ρsoil
	1,400 kg/m3
	[Ordonez-Morales, 2019]

	φdebris 
	10%
	[Kumar, 2003]

	φopc
	25%
	[Gruber, 2022]

	φsoil
	30%
	[Haruna, 2013]



The general notation for an equation term in the derivation takes the form of  , where: 
 for mass [mg] or [kg],  for aqueous concentration [mg/L],  for solid phase concentration (i.e., content) [mg/kg]; 
 =	 and  for debris phase solid and porewater, respectively;
and  for the OPC phase solid and porewater phases, respectively;
 and  for the backfill soil phase solid and porewater, respectively;
 for the aggregate phase of the debris; and
 for the total unit volume.
 when referring to mercury or blank when the equation term refers to a phase property. 
Detailed derivations of the equations are provided in Appendix B.XIV. The calculations are based on a control volume of 1 m3. The governing equation for the mass balance is provided in Equation 3.2. 

		(3.2)

In the governing mass balance in equation 3.2, each OPC and soil term is calculated using the total aqueous mercury concentration in the porewater. Detailed derivations of each term are described in Appendix B.XIV. As this is the only unknown in the governing equation, it can be solved for using equation 3.3, with each term further defined in equations 3.4 –3.8.

   (3.3)

Where: 
 (3.4)
 (3.5) 
 (3.6) 
 (3.7) 
 (3.8) 

Using the maximum amount of mercury allowable in the solid phase content of 4 mg/kg, based on the RCRA regulations requiring a TCLP eluate to contain <0.2 mg/L total mercury, the porewater concentration of mercury can be estimated using the partition coefficients calculated from laboratory absorption testing (Appendix B.VIII). Table 3.3 provides a selection of results of the porewater mercury concentration in the control volume and the total mercury mass of each solid and porewater phase for OPC and soils based on the mass solid phase content of 4 mg/kg total mercury available in the debris upon disposal that will meet the TC limit of 0.2 mg/L in TCLP eluate.   

[bookmark: _Toc174529333]Table 3.3. Results of Mass Balance Derivation for Total Mass of Mercury in the Assumed Control Volume and Aqueous Concentration of Mercury in the Landfill Leachate. 
	Partition coefficients (L/kg) from Table 3.1
	pH of material for Kd value
	Concentration of Hg in aqueous phase (mg/L)
	Mass of Hg (mg) in each phase

	OPC
	Soil
	OPC
	Soil
	
	OPC solids
	OPC porewater 
	Soil solids
	Soil porewater

	18
	700
	13
	8
	0.031
	160
	1.5
	7,500
	2.3

	22
	3,600
	13
	8
	0.006
	39
	0.29
	7,700
	0.46

	27
	   110
	13
	8
	0.170
	1,300
	8.5
	6,400
	12



As previously discussed, debris predominantly contaminated with Hg(0) will pass TCLP due to the solubility limit of Hg(0) being less than the TCLP limit of 0.2 mg/L. As such, the total mass of mercury added to the landfill if the debris is mostly Hg(0) contaminated could be significantly higher than that of the estimated mass used in the mass balance that is based on the TCLP limit. 
The assumed landfill in this mass balance scenario is represented as a closed system, with the OPC, backfill soil, and porewater in equilibrium. A RCRA-compliant disposal cell has several required cap layers, including a top-layer of vegetation or armored surface layer to minimize erosion and promote drainage, a protection layer of topsoil/fill soil, a soil drainage layer, and a composite hydraulic barrier consisting of a geomembrane and a compacted clay liner [EPA, 2008]. Each layer has requirements for thickness, slope, and hydraulic conductivity to minimize infiltration and promote drainage during precipitation events. With these protective layers, it is highly unlikely that a significant amount of precipitation will enter the landfill through the top layers. However, as the cap ages, it can begin to allow slight infiltration during precipitation events resulting in the potential for production of leachate. As seen in Figure 3.1, there is a leachate collection system required for the RCRA-compliant disposal cell as well to capture any leachate produced. Due to the rigorous cap system, it is highly unlikely that significant infiltration would occur and as such equilibrium conditions within the landfill would remain. In the instance of a high-flow infiltration, equilibrium will re-establish within the landfill after the rapid flow ceases. 

[bookmark: _Toc174529254]3.5 Conclusions

At the Y-12 National Security Complex, the U.S. DOE will be disposing of large amounts of concrete-based building debris containing up to 4 mg/kg of total mercury. This study established first-order approximations of solid-liquid partition coefficients from sorption experiments of Hg2+ and Hg(0) with OPC, soils, and a blend of 75% OPC 25% soil. These approximations were used to parameterize an equation to estimate the concentration of mercury in the porewater of a control volume representing a landfill of contaminated debris and backfill soil. 
Overall, the pH-dependent partitioning of mercury onto contacting solids is predominantly controlled by sorption to HFO in the acidic to neutral pH range, seen most prevalently in modeling of Hg2+/soils experiments. Additionally, the experiments show variation in sorption behavior based on mercury speciation, either Hg2+ or Hg(0). Hg(0) is more strongly associated with the solid phases than Hg2+, which corresponds with the relative solubilities of each.  Experimental results containing Hg(0) indicated more experimental uncertainty between duplicates and a wider range of concentrations in the leachate. Most notably, Hg(0)/OPC experimentation showed little to no mercury in eluates at a pH<7, which was not reflected in the geochemical speciation model predictions. This could likely be due to analytical uncertainty, volatility losses, and issues with preservation of Hg(0) samples. Sorption of 50-80% of mercury onto solids during equilibration testing was observed when compared to the positive controls for each experiment. Possible retention mechanisms in the pH domain of 8-13 could be sorption to soil organics, sorption to cement minerals, and/or reincorporation into the cement pore structure, dependent on the material present.
First-order approximations of partition coefficients were calculated for each experiment and were used in predictions of leachate concentrations of mercury in a proposed landfill disposal scenario on a unit volume basis. For OPC materials the partition coefficients ranged on the order of magnitude of 101 L/kg, whereas soil partition coefficients for both Hg2+ and Hg(0) were on the order of magnitude of 102 – 103 L/kg. The OPC phase controlled sorption in the blended materials at a neutral-alkaline pH domain with partition coefficients on the order of 101 L/kg, and soils controlling the sorption at an acidic pH domain with partition coefficients on the order of 103 L/kg, particularly for 4 mg/kg Hg2+ testing. The Hg/soil partition coefficients are well within the reported literature values [Lyon, 1997]. 
The predicted leachate concentrations for the proposed landfill disposal from the mass balance work results in low concentrations of mercury throughout, ranging from 6-170 µg/L. The soil in particular acts as a sink for mercury and controls a significant amount of the partitioning. If Hg(0) is the main source of mercury contamination in the debris, it is likely that the waste will always pass TCLP regardless of the total mass of mercury in the debris as Hg(0) solubility is less than the TCLP limit of 0.2 mg/L. Due to the alkaline pH of the debris and solution after TCLP testing, mercury will predominantly stay as liquid Hg(0) and not partition into the solution, as supported by geochemical speciation modeling, leading to higher concentrations of mercury added to the landfill than predicted by TCLP testing. Overall, the predicted leachate concentrations for the proposed landfill disposal based on the partition coefficients calculated through experimental adsorption testing result in low-levels of mercury in leachate, with debris and soil absorbing the majority of mercury under the assumed landfill conditions.   



[bookmark: _Toc174529255]Chapter 4: Percolation-Driven Leaching of Mercury Sulfide from LDPE Encapsulated HgS Pellets in Contact with Background Soil

[bookmark: _Toc174529256]4.1 Abstract

A process for treating elemental mercury (Hg(0)) prior to disposal in a Resource Conservation Recovery Act (RCRA)-permitted hazardous waste landfill has been proposed by a commercial vendor. The treatment process consists of thermal reaction with sulfur to convert elemental mercury to mercury sulfide (HgS) followed by blending with low density polyethylene (LDPE) and pelletization to form microencapsulated HgS. The resulting LDPE-coated HgS would then be filled into high density polyethylene (HDPE) drums for disposal in the landfill with local soil used for backfill surrounding the drums. Evaluation of potential leaching from the proposed treatment under failure of the HDPE drums in the disposal scenario using the Leaching Evaluation Assessment Framework (LEAF) was requested by the U.S. Environmental Protection Agency (U.S. EPA). LEAF testing focused on mercury release during up-flow column percolation (Method 1314) modified to address potential mercury losses due to volatilization and also address concerns regarding impacts from backfill pore water.  
Results indicated that the presence of backfill soil increases the release of mercury from the pellets throughout the study, but both studies show release of mercury. However, this release is below the maximum contaminant level (MCL) for mercury in both studies. Swelling of the pellets (1-4% by volume) was observed during testing, with testing indicating swelling of occurred, a potential issue for landfill disposal of the LDPE-coated HgS pellets.

4.2 Introduction

Elemental mercury, or Hg(0), is a naturally occurring element in the earth’s crust and in seawater that is a silver liquid at room temperature. Mercury has been used throughout history for applications such as a solvent for separation of gold ore from mined rocks, in felting of fur for hat making, and as a temperature sensitive liquid in thermometers [Parsons, 2005; Katz, 1972; Morley, 1998]. Due to widespread use of Hg(0) throughout history and its long atmospheric residence time [Parisa, 2015, Lindqvist, 1985], there is significant mercury contamination throughout the environment. With regard to human health, the form of mercury poses different dangers. Inhaled Hg(0) vapor can cross the blood-brain barrier and cause skin rashes, tremors, and twitching (Mad Hatter’s disease) and other neurological problems. Typically, this occurs through prolonged exposure [Langford, 1999]. 
In response to the Mercury Export Ban Act (MEBA) [40 U.S.C. 6939f(a)(1)], the United States (U.S.) has large stores of Hg(0) in need of treatment and disposal. MEBA both reduces the availability of Hg(0) on the open market and requires the U.S. Department of Energy (U.S. DOE) to designate and operate a facility for the long-term management and storage of Hg(0). In 2019, the U.S. DOE announced that Hg(0) will be stored in existing buildings at a facility in Texas, with a maximum capacity of 6,800 metric tons [U.S. DOE, 2022]. Currently, there is no treatment method for nonradioactive Hg(0) disposal in the U.S. approved by the U.S. Environmental Protection Agency (U.S. EPA) [U.S. DOE, 2022].  
One potential solution for the treatment of Hg(0) is to react Hg(0) with sulfur, forming relatively stable and inert mercury sulfide (HgS), followed by coating pellets of HgS in low-density polyethylene (LDPE). The LDPE-coated HgS pellets would be placed in 55-gallon HDPE drums and disposed of in a Resource Conservation Recovery Act (RCRA) Sub-title C compliant commercial capped monofill in Nevada with layers of backfill soil between each drum. 
The formation of HgS by addition of sulfur to Hg(0) is a common treatment process [Yee, 2013; Rodriguez, 2012; Piao, 2006; Randall, 2004]. In mineralogy, HgS is called cinnabar [Gettens, 1972] a particularly stable inorganic mercury compound under reducing conditions that is ideal for disposal. HgS is considered insoluble compared to the solubility of Hg(0) at 5.6E-5 g/L [Davis, 1997]. The speciation of mercury is shown in Figure 4.1, with the formation of HgS stable predominantly under reduced conditions [Spyropoulou, 2018]. If oxidized, HgS will transform to liquid Hg(0) which then has the potential to oxidize to Hg2+ to form other mercury species depending on the solution in contact. 
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[bookmark: _Toc179185078]Figure 4.1. Pourbaix diagram for solid mercury phases in contact with a water solution with Cl- and SO42- concentrations of 10-3 mol/kg at 1 bar total pressure [Spyropoulou, 2018]. 

However, the risk of transformation of HgS to other forms of more bioavailable mercury in in the instance of landfill failure requires additional safeguards to ensure leaching of mercury into the environment does not occur, as studies report up to 50% conversion of HgS to more bioavailable forms within 100 meters of the point source of HgS contamination in an aqueous environment [Benoit, 1994]. Methylmercury, a highly toxic mercury species for both environmental and human health, is a potential mercury species that could form in the instance of HgS conversion to a more bioavailable form of mercury [Zhang, 2020, Beckers, 2017]. 
A proposed additional safeguard to minimize the risk of mercury transformations is the encapsulation of the treated HgS waste with LDPE. As LDPE has a reported melting temperature between 106°C and 120°C [Randall, 2004; Yang, 2022] and the Office of Scientific and Technical Information (OSTI) reports a thermal decomposition temperature range for HgS between 265-345°C [Leckey, 1994], LDPE is a reasonable material for encapsulation with little risk for thermal decomposition of the treated HgS material. A potential for volatilization of Hg(0) is in the instance of an incomplete transformation of Hg(0) to HgS during the treatment process, requiring Hg(0) vapor capture. After treatment, any residual HgS or Hg(0) on the surface of the LDPE-coated pellets could be a concern for initial leaching or volatilization during handling, HDPE drum packing, or in the instance of a containment breach in the landfill. 
In this study, the viability of the proposed method for Hg(0) treatment and disposal is evaluated. The objective is to determine the potential leaching concentrations and release of mercury from the LDPE-coated HgS pellets in the instance of containment failure of an HDPE drum, such that infiltration flowing through the landfill backfill soil contacts the LDPE-coated material. EPA Method 1313 [EPA, 2019], a pH-dependent batch equilibrium test, was used to evaluate the natural pH liquid-solid partitioning (LSP) of the pellets and impact of eluent type on the leaching, and EPA Method 1314 [EPA, 2017], an up-flow percolation column test, was used in three scenarios: (i) testing of LDPE-coated HgS pellets, (ii) testing of background soil, and (iii) testing of LDPE-coated HgS pellets and background soil. After column testing, pellets were analyzed using ImageJ software to determine the size distribution for comparison between pellets used in column testing and the dry “as-received pellets”. Pellets were also analyzed using a scanning electron microscope (SEM) and optical microscope to determine if surface changes occurred during the column studies that could possibly increase the possibility of mercury leaching from the pellets.

[bookmark: _Toc174529257]4.3 Materials

[bookmark: _Toc174529258]4.3.1 LDPE-Coated HgS Pellets 
The LDPE-coated HgS pellets were provided in three treatment batches, denoted 615, 620, and 623, from a treatment technology vendor and were prepared under observation by EPA. Each batch followed the same treatment methodology but were produced at different times, to serve as three replicates of the same treatment process. The pellets are approximately 3-4 mm in diameter, as determined by image analysis of the as-received pellets. Unless noted, the nomenclature for the column testing is as follows: Batch 615 is replicate A, batch 620 is replicate B, and batch 623 is replicate C. 

[bookmark: _Toc174529259]4.3.2 Backfill Soil
The backfill soil provided was from the proposed disposal site in Nevada, shipped under chain-of-custody to Vanderbilt University. The soil was collected using a shovel at three depths: surface, 6 inches, and 12 inches into the ground, homogenized and placed into 32-oz glass jars for shipment. Prior to use in the column experiments, the soil was sieved through a 2 mm sieve to remove any large rocks or roots as required by Method 1314. ASTM D2216 [ASTM, 2019] was used to determine moisture content resulting in a solids content of 0.977 g-dry/g. 

[bookmark: _Toc174529260]4.4 Experimental Methods

Batch testing using EPA Method 1313 (Appendix B.I) of the HgS pellets was conducted prior to beginning Method 1314 in order to determine the leaching of mercury from the pellets using both deionized water (DIW) and 1 mM CaCl2 eluent. Both eluents are available in LEAF Methods, with DIW recommended for predominantly inorganic waste materials and 1 mM CaCl2 recommended for soils and organic wastes with potential for clay deflocculation. Batch testing at the natural pH point of the pellets was used as a preliminary test to determine if there is a difference in leaching of mercury with the two eluents. During equilibrium batch testing, only treatment batch 615 was used for the LDPE-coated HgS pellets. Method 1314 (Appendix C.I) was used to study the leaching of mercury from the treated LDPE-coated HgS pellets as a function of the liquid-to-solid (L/S) ratio, as well as the impact of backfill material on the leaching of mercury from the HgS pellets under percolation conditions. In the column experiments each batch was used in 2 columns, totaling 6 columns per experiment. Within each set, one column was for mercury sample collection and the other was for all other data collection (i.e. pH, conductivity, turbidity, etc.). 

[bookmark: _Toc174529261]4.4.1 Preliminary Batch Extractions (Method 1313)
Method 1313: Liquid-Solid Partitioning as a Function of Extract pH using a Parallel Batch Extraction Procedure [EPA, 2019] was used for batch testing, but limited to only the natural pH condition for screening of eluate to be used in subsequent Method 1314 testing. Batch testing used 1 mM CaCl2 and DIW as eluates at the natural pH of the pellets, with duplicates of each for a total of 4 samples. An L/S ratio of 10 L/kg was used, and the samples were tumbled in 100-mL PTFE bottles for 48 hours. The pH and electrical conductivity (EC) were recorded and a 20-mL sample of each was collected in 20-mL borosilicate glass vials with polytetrafluoroethylene (PTFE) lid liners and preserved with 200-µL HNO3 and 40-µL 100-ppm gold (III) standard. 

[bookmark: _Toc174529262]4.4.2 Percolation Column Test (Method 1314)
A series of up-flow percolation column leaching tests were carried out on the LDPE-coated HgS pellets and backfill soil provided. The leaching test method followed EPA Method 1314, which aims to evaluate the L/S dependent behavior of constituents during percolation through a column. DIW or 1 mM CaCl2 can be used as the column eluent. Generally, about 250-500-g dry material was loosely packed into a glass column and saturated with eluent and allowed to equilibrate for approximately 24 hours. Eluent was pumped at a flow rate of 0.75±0.25 L/S per day through the material in an up-flow direction to minimize the air entrainment and flow channeling. The pump speed is calculated based on the dry mass of the material packed into the column. Eluates were collected at predetermined cumulative L/S (ΣL/S) values (i.e., 0.2, 0.5, 1, 1.5, 2, 2.5, 4.5,  5, 9.5, and 10 L/kg-dry). The eluates were then measured for pH, EC, concentrations of cationic constituents, dissolved inorganic carbon (DIC), and dissolved organic carbon (DOC). In this study, Method 1314 was conducted on three sets of materials in column packing conditions: (i) LDPE-coated HgS pellets, (ii) backfill soil, (iii) bottom half the column bed of backfill soil and the top half of LDPE-coated HgS pellets. 
Comparison eluent testing of 1 mM CaCl2 and DIW was conducted on the background soil and one round of column testing with LDPE-coated HgS pellets in parallel to determine if the leaching fluid composition impacted the release of constituents. Another column study using only 1 mM CaCl2 as the eluent was conducted on the LDPE-coated HgS pellets. Additionally, the soil into pellets column study was aimed to simulate the impact of groundwater on the leaching of mercury from the HgS pellets. Due to the low-level mercury concentration present during the conducted experiments, all materials in contact with eluate were required to be constructed from glass or PTFE, including all fittings and tubing from the top of the column to collection vessels. Collection vessels were glass with fabricated PTFE lids to allow for height adjustments of the optical probe, inlet tubing, and air exchange tubing as needed during experimentation. Columns for mercury analysis followed [Kelley, et. al., 2024] and were continuously preserved during each exchange with Optima grade HNO3 (Cat #A467-250, Fisher Scientific) to a final concentration of 1% (v/v) and gold (III) standard (Cat #MSAU-100PPM, Inorganic Ventures) to a final concentration of 200 µg/L.

[bookmark: _Toc174529263]4.4.3 Method 1314 with Backfill Soil for Eluent Determination 
Column tests were conducted in duplicate to characterize the porewater from background soils that is likely to infiltrate through the LDPE-coated HgS pellets in the instance of breaching of the secondary containment. One column used 1 mM CaCl2 as the eluent while the other used DIW to compare whether DIW causes an increase in deflocculation of organics as indicated by DOC in the eluate from the backfill soil during testing. As no mercury was used during testing, acrylic columns were packed inverted with 20-µm HDPE filters (DWK CAT#420811-2040) on each endcap. A base of clean sand was used, followed by 560 g (550 g-dry) of compacted backfill soil. The remaining column height was filled with clean sand and sealed. The column tubing was flushed with DIW or 1 mM CaCl2 for a blank collection prior to saturation of the packed columns. After packing, the columns were inverted and placed on the column set up to begin saturation with the respective eluent. A flow rate of 550 mL/day was used. After saturation, the columns equilibrated for 18 ± 3 hours and then Method 1314 was carried out. Each collected exchange had a 15 mL sample filtered and acidified for ICP-OES analysis, a 40 mL sample filtered for DOC analysis, and the pH, EC, and turbidity recorded. 

[bookmark: _Toc174529264]4.4.4 Method 1314 with LDPE-Coated HgS Pellets 
Due to the high likelihood of volatilization and loss of mercury from solution during the longer exchanges, two columns per batch of pellets were used. One column per LDPE-coated HgS pellet batch was for mercury collection with preservation material of Optima grade HNO3 and 100-ppm gold (III) standard to final concentrations of 1% (v/v) and 200 µg/L, respectively, added to the collection vessels at the beginning of each eluate collection, calculated based on the expected volume that was reached for the appropriate exchange. The second column of each batch of pellets was used for collection of cationic constituents, DOC, pH, EC, and turbidity. A total of six columns were packed using the three LDPE-coated HgS pellet batches provided. Results from the backfill soil column study indicated use of 1 mM CaCl2 eluent to minimize deflocculation of clay from the soil. 
Each column was packed with approximately 550 g of HgS pellets. No sand was used due to the large pore size of the bed of pellets and likelihood of the sand shifting. After packing, the pellets were saturated at a flow rate of 550 mL/day. After saturation, the columns equilibrated for 18 ± 3 hours prior to beginning the experiment. Method 1314 then was carried out with elution through the columns for 10 days. In Kelley et. al. [2024], it was determined that all aqueous mercury samples should be preserved in borosilicate glass vials with PTFE lid liners, with use of glass syringes and PTFE-filters if filtration is needed. The mercury collection columns each had a 20 mL sample collected for mercury analysis. Additional preservation of these samples was not required due to the continuous preservation of the eluate during collection of the exchange. The remaining three columns each had a 15-mL sample filtered and preserved with 1% (v/v) Optima grade HNO3 for all other constituent analysis, 40-mL filtered and collected for DOC, and the pH, EC, and turbidity recorded. The maximum hold time for preserved analytical mercury samples was 28 days with all samples stored at <6°C prior to analysis [EPA, 2018].

[bookmark: _Toc174529265]4.4.5 Method 1314 with LDPE-Coated HgS Pellets and Backfill Soil 
Prior to saturation, the column tubing was flushed with a 1% HNO3 solution for 20 minutes, with a small sample collected from each to ensure mercury concentrations were not significant. At the end of the flushing period, the tubing was flushed with 1 mM CaCl2 and blanks were collected for the experiment. The glass columns were packed using equal parts backfill soil and HgS pellets. Due to the large pore size of the bed of pellets the columns were not able to be packed inverted. A layer of clean sand was placed in the bottom of the column, approximately 240 g in weight. A 250 g-dry layer of backfill soil was then added, and the remaining column was filled with HgS pellets. There were two columns for each batch of pellets, one for mercury analysis and the second for all other necessary collections, similar to the set-up of the pellet-only columns. A total of six columns were packed, two per pellet batch. The columns were then saturated in two parts with 1 mM CaCl2. The first saturation was from the base of the column to the top of the soil layer, then the columns were equilibrated overnight. The next day, the pellet layer was saturated, finishing the process. The columns were equilibrated a second time for  approximately 24 hours.
After saturation and equilibration, the column exchanges began. As described in section 4.4.4, there was special care taken for the collection of the mercury samples through preemptive preservation of the eluate as it was collected. All samples were collected as described in section 4.4.4. 

[bookmark: _Toc174529266]4.4.6 Determination of Swelling of LDPE-Coated HgS Pellets 
In the first pellet-only Method 1314 experiment using only 1 mM CaCl2 eluent, two columns from replicates B and C had significant leakage, and in the case of replicate B, the lid popped off. Swelling of the pellets was determined to be the likely cause. To further evaluate pellet swelling, LDPE-coated HgS pellets were added to 250-mL graduated cylinders with either 1 mM CaCl2 or DIW and sealed. The initial height of the pellets was recorded, and the cylinders sat on a benchtop for 2 weeks, then measured for a final height. 
Additional swelling tests included collection of pellets at the end of Method 1314 testing in the second round of pellet-only testing (described in section 4.4.7) and using an image analysis software to measure the distribution of cross-sectional areas of the LDPE-coated HgS pellets to determine if a notable increase in the area occurred when used in percolation testing in comparison to as-received dry pellets. 

[bookmark: _Toc174529267]4.4.7 Method 1314 with LDPE-Coated HgS Pellets DIW vs. 1 mM CaCl2
Due to the use of backfill soil in the LDPE-coated HgS pellets and soil 1314 experiments, all eluent in previously described testing was 1mM CaCl2 to provide direct comparison, as 1 mM CaCl2 minimizes the deflocculation of soils. However, testing conducted by a commercial laboratory used DIW for their pellet only experiments, leading to differences in the data. Due to this, and interest in determining if the eluent itself impacts the possible swelling of the pellets during percolation testing, a fourth column test was conducted using DIW and 1 mM CaCl2 on HgS pellet-only columns. The experimental set-up of the first pellet-only column testing was used, but with only pellets from batch 623. In pellet swelling determination testing described in section 4.4.6, Batch 623 pellets were seen to have the highest percentage of swelling. A total of six columns were packed, three for DIW eluent and three for 1 mM CaCl2. Within the sets of three, two were for mercury collection analysis and the third was for all other constituent analysis. Each column was packed with approximately 475 g of HgS pellets. Columns were saturated at a flow rate of 475 mL/day, then equilibrated for 18 ± 3 hours. Method 1314 was then carried out. Protocol for sample collection as described in the previous HgS pellet only column study (Section 4.4.4) was used. 

[bookmark: _Toc174529268]4.5 Analysis

[bookmark: _Toc174529269]4.5.1 Eluate Analysis
All mercury aqueous samples were analyzed by inductively coupled plasma-mass spectrometry (ICP-MS) (Appendix A.I) following EPA Method 6020B [EPA, 2015]. All other cationic constituents (i.e. Al, Ca, Fe, etc.) were analyzed by inductively coupled plasma-optical emissions spectrometry (ICP-OES), (Appendix B.III) following EPA Method 6020D [EPA, 2015]. Analysis of DOC (Appendix C.II) was performed on the eluate solutions following EPA Method 9060 [EPA, 2004]. Detailed descriptions of the analytical methods and QAQC can be found in the supplemental information.

[bookmark: _Toc174529270]4.5.2 Solid Material Characterization
Solid sample characterization of the LDPE-coated HgS pellets took place using optical microscopy and scanning electron microscopy/energy dispersive X-ray spectroscopy (SEM/EDS) on both dry “as-received” LDPE-coated HgS pellets and HgS pellets collected at the end of Method 1314 testing (Appendix C.III). The pellets were also analyzed using ImageJ software to determine the distribution of the cross-sectional area of the pellets for comparison between “as-received” LDPE-coated HgS pellets and pellets exposed to percolation testing conditions. 

[bookmark: _Toc174529271]4.6 Results and Discussion 

[bookmark: _Toc174529272]4.6.1 Impact of Eluent Type on Leaching of Mercury and Sulfur from LDPE-Coated HgS Pellets
Batch testing of the HgS pellets at the natural pH with DIW and 1 mM CaCl2 as eluents indicates release slightly higher than the EPA maximum contaminant level (MCL) of 0.002 mg/L for mercury [EPA, 1996]. The results of batch testing are shown in Table 4.1 and Figure 4.2. Release of mercury is higher in both of the samples using DIW as the eluent than that of the 1 mM CaCl2 samples. During testing, it was observed that a majority of the pellets float in water. This was a concern for Method 1314 testing – if the columns were not packed tightly enough the pellets could float and block the outlet for eluate in the column. In a disposal scenario, this could also cause issues if failure of the container occurred. The pellets could float downstream and cause a widespread contamination issue. 

[bookmark: _Toc174529334]Table 4.1. Results of Batch Testing of HgS Pellets 
	Sample
	pH
	Hg (mg/L)
	Hg Release (mg/kg)

	1 mM CaCl2 A
	4.94
	0.003
	0.03

	1 mM CaCl2 B
	5.31
	0.004
	0.04

	DIW A
	5.00
	0.008
	0.08

	DIW B
	3.00
	0.008
	0.08
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[bookmark: _Toc179185079]Figure 4.2. Results of batch testing of LDPE-coated HgS pellets as concentration (mg/L) and release (mg/kg-dry) as a function of eluate pH. 

Method 1314 was carried out on the backfill soil using 1 mM CaCl2 and DIW in order to determine both the impact of eluent on the leaching of constituents from the soil and to determine the major components of groundwater after percolation through the backfill soil. Overall, the comparison of 1mM CaCl2 and DIW as eluates for the backfill soil indicates that the use of 1mM CaCl2 allows for less deflocculation of clay and dissolution of organic matter from the soil. As seen in Figure 4.3, aluminum, and iron had higher cumulative releases with DIW in comparison to 1mM CaCl2. 
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[bookmark: _Toc179185080]Figure 4.3. Results of Al, Ca, Fe, and S for the eluent comparison 1314 testing with backfill soil, shown as concentration (mg/L) and cumulative release (mg/kg-dry) as a function of L/S (L/kg-dry).

In comparison, the release of sulfur is only slightly higher in 1 mM CaCl2 than in DIW, but the two are within an order of magnitude. When testing the LDPE-coated HgS pellets, sulfur may be considered a key constituent in comparisons because an increased release of sulfur in eluates could be indicative of the HgS oxidizing as well as from incomplete formation of HgS or incomplete coating of LDPE. The maximum concentration of sulfur from the backfill soil experiment is approximately 10 mg/L, which quickly decreases after the first eluate collection to less than 1 mg/L. This decrease is consistent with “wash off” of soluble sulfur species on the surface of soil particles [EPA, 2019]. Turbidity analysis (Appendix C.II) also indicate the use of 1 mM CaCl2 over DIW, with greater visual turbidity of the DIW samples.
After backfill soil testing, comparison column testing of DIW and 1 mM CaCl2 as eluent was conducted on LDPE-coated HgS pellet-only columns. During this testing, the two columns for mercury collection with 1 mM CaCl2 eluent were running significantly slower, over 24 hours delay by an L/S of 1.5 L/kg-dry. Due to this, these two columns were put on a faster pump running at 800 mL/day to increase the flow rate to be more comparable to the other four columns.
The comparison study results of DIW and 1 mM CaCl2 as eluents for the LDPE-coated HgS pellets are shown in Figure 4.4. Overall, the results were relatively comparable, with the DIW results having a greater increase in concentration in the final L/S exchanges. At an L/S of 10 L/kg-dry, there is an increase of mercury concentration of approximately 25% in DIW compared to 1 mM CaCl2, but throughout the study all mercury concentrations remained below the drinking water MCL. The sulfur concentration in eluate samples using DIW was an order of magnitude less than that of the 1 mM CaCl2 samples. The results of sulfur as a function of L/S for 1 mM CaCl2 is very comparable to the sulfur results in the first round of HgS pellet only column testing, indicating repeatability of the data. 


[bookmark: _Toc179185081]Figure 4.4. Method 1314 mercury and sulfur results for DIW and 1 mM CaCl2 eluent comparison testing with LDPE-coated HgS pellets. Results are shown as concentration (mg/L) and cumulative release (mg/kg-dry) as a function of L/S (L/kg-dry). 

Additionally, replicate B of the 1 mM CaCl2 testing had a significantly higher concentration at L/S ratio of 0.2 L/kg-dry, almost two orders of magnitude higher than that of the DIW replicates and over two orders of magnitude higher than replicate A of 1 mM CaCl2. This may have been a result of a higher number of pellets within this particular column that have incomplete LDPE coating, leading to a higher concentration of mercury in the eluate as equilibration occurred. 
Overall, the difference in eluent makes only a slight difference in mercury concentrations in these studies, but there was a marked difference in sulfur concentration throughout testing, with lower sulfur concentrations seen throughout the columns with DIW eluent. Regardless of the eluent, the mercury concentrations remained below the drinking water MCL for mercury throughout testing and were comparable across each round of testing and each eluent type.

[bookmark: _Toc174529273]4.6.2 Method 1314 with LDPE-Coated HgS Pellets with 1 mM CaCl2 Eluent 
During testing, Column 4 was stopped at an approximate L/S of 7 L/kg due to expansion of the pellets that caused the top lid of the column to pop off. Column 6 was stopped at an L/S of 9.3 L/kg again due to pellet expansion that caused significant leaking and was leading towards the lid popping off as seen in Column 4. This led to investigation into the potential of expansion of the pellets due to osmosis through the LDPE coating. The results of mercury and sulfur release as a function of L/S are shown in Figure 4.5.


[bookmark: _Toc179185082]Figure 4.5. Method 1314 mercury and sulfur results of concentration (mg/L) and cumulative release (mg/kg-dry) as a function of L/S (L/kg-dry) for the first round of HgS pellet only testing. 

An initial release of mercury is shown in the first eluate sample collections, at an L/S of 0.5 and 1 L/kg-dry. However, both of these points are less than the drinking water limit (MCL) set by the U.S. EPA of 0.002 mg/L. The results of L/S 0.5 and 1 L/kg-dry are one order of magnitude lower than that of the results of the batch equilibrium testing with 1 mM CaCl2, 0.003 mg/L compared to 0.0003 mg/L. As both are at the natural pH, the higher concentration is likely the result of the agitation required in EPA Method 1313. The constant tumbling over 48-hours possibly increased the release of mercury from the pellets due to abrasion and degradation of the LDPE-coating. In the percolation results in Figure 4.5, the concentration of mercury decreases to less than the LLOQ after a L/S of 1 L/kg-dry, with sporadic mercury concentrations that are slightly above the LLOQ but still very low. The sporadic delayed mercury concentrations, seen in replicates B and C up to an L/S of 5 L/kg-dry could be due to several factors, including possible cracking of the LDPE-coating, variable thickness of the LDPE coating across individual pellets and treatment batches, or from analytical uncertainty as the mercury concentrations are very close to the LLOQ.  The total release of mercury across the entire L/S range of interest is 2.4E-4 mg/kg-dry. Since the pellets were supposedly washed after coating, it is unlikely that the initial mercury release is because of excess mercury or HgS on the exterior of the LDPE-coated pellets.
The cumulative release of sulfur, as seen in Figure 4.5, was of particular interest since sulfur is the treatment agent for mercury in this scenario. Overall, the release of sulfur was between 4 and 5 orders of magnitude higher than that of mercury, indicating excess sulfur in each pellet in comparison to mercury, and the majority of sulfur was not taken up during the binding process. 
Comparison between the two rounds of LDPE-coated HgS pellet only column testing are shown in Figure 4.6. The eluent comparison testing is denoted with either DIW or 1 mM CaCl2 identifiers in the legend title, and the testing that used 1 mM CaCl2 eluent only is denoted as “first round testing”. 


[bookmark: _Toc179185083]Figure 4.6. Comparison of mercury concentration (mg/L) and mercury cumulative release (mg/kg-dry) as a function of L/S (L/kg-dry) for the first and second round of Method 1314 pellet-only testing. First round column testing used only 1 mM CaCl2 as the eluent, whereas the second round compared DIW and 1 mM CaCl2 eluents. 

Between an L/S ratio of 0.2 to approximately 4.5 L/kg-dry, the eluate concentrations were similar between the first and second round of testing. After an L/S of 4.5 L/kg-dry, the eluate concentrations for the DIW and 1 mM CaCl2 eluent comparison testing steadily increases for mercury concentration until it peaks at a L/S of 10 L/kg-dry, whereas it remains below detection for the first round of 1 mM CaCl2 only testing. To note, replicate C in the first round of column testing used pellets from Batch 623, and is the only replicate in the first round of testing to have mercury eluate concentrations above the MDL at a L/S of 4.5 L/kg-dry, at a concentration very comparable to that of the DIW replicates in the second round of testing. Only batch 623 pellets were used in the second round of testing for eluent comparison, chosen because that batch experienced the most significant swelling in preliminary swelling tests. In the eluent comparison testing, it is possible that osmosis is occurring during the later stages of the testing in some of the pellets, since the pellets have been saturated in eluent for approximately one week at the point where an increase in concentration is seen in the DIW vs. 1 mM CaCl2 dataset. There was no visual evidence of the pellets swelling during the second round of Method 1314 testing as columns were not packed as tightly to minimize risk of the column lids popping. 

[bookmark: _Toc174529274]4.6.3 Impact of Simulated Backfill Porewater on Mercury and Sulfur Leaching from LDPE-Coated HgS Pellets
The results of mercury and sulfur release as a function of the L/S ratio are shown in Figure 4.7. Similar to the HgS pellet only experiment, the release of mercury is less than the MCL (0.002 mg/L) throughout the experiment. However, when backfill soils are were used in the bottom half of the column, the release of mercury is much more consistent throughout the entire experiment and does not decrease to less than the MDL as observed earlier. 
This release of mercury throughout testing is of concern, as it is indicative that the LDPE-coating may be incomplete. While mercury remains below the MCL at each L/S exchange, there is concern over the long-term leachability of the pellets in a percolation-based scenario under containment failure as the release is fairly constant across the entire L/S domain. 


[bookmark: _Toc179185084]Figure 4.7. Method 1314 results for mercury and sulfur for LDPE-coated HgS pellet and soil testing. Results are shown as a function of concentration (mg/L) and cumulative release (mg/kg-dry) vs L/S (L/kg-dry). 

The cumulative release of sulfur is slightly greater than that of the release in the backfill soil experiment, but follows the same curve, with the greatest concentration of sulfur being released at the first L/S point of 0.2 L/kg-dry then quickly decreasing by an order of magnitude and remaining relatively constant. This slight increase in sulfur concentration in the HgS pellet and soil 1314 test is a result of a combination of the release of sulfur from the soils with the added sulfur release from the HgS pellets themselves. Overall, the simulation of backfill soil porewater as the eluate for the HgS pellets indicates a more constant concentration of mercury and a higher cumulative release of mercury from pellets across the ΣL/S range.

[bookmark: _Toc174529275]4.6.4 Determination of Pellet Swelling
The percent swelling reported from the soaking experiments ranged from 1-4%, summarized in Table 4.2. The range in swelling can be attributed to osmosis occurring in some pellets but not all. Some pellets seem to have inconsistent LDPE-coating, whether in thickness or completeness, so in these pellets water will permeate into the pellet through gaps in the coating and cause swelling. While this percentage range is low, any swelling in a tightly packed column, or drum in a landfill disposal, might cause breakage of the container and release of mercury into the environment. 

[bookmark: _Toc174529335]Table 4.2. Expansion of HgS Pellets Results
	Pellet test 
	Starting height (mm)
	Final height (mm)
	% swelling

	1 mM CaCl2 A
	106
	108
	1.89%

	1 mM CaCl2 B
	96
	100
	4.17%

	DIW A
	99
	100
	1.01%

	DIW B
	135
	138
	2.22%



In addition to the soaking testing, after the second round of pellet only testing pellets were collected from each column for size distribution analysis. Photos of pellets from each column were taken in petri dishes with 1/4” graph paper as a scale, as seen in Figure 4.8, and uploaded to ImageJ for analysis [Schneider, 2012]. Photos were taken in triplicate, refreshing the pellets in the petri dish for each replicate, and a series of photos were taken for dry pellets from batch 623 as well. [bookmark: _Toc179185085]Figure 4.8. LDPE-coated HgS pellets post 1314 testing. Pellets are in a petri dish on top of ¼” graph paper as a scale.

The distribution of the cross-sectional area of the LDPE-coated HgS pellets, shown in Figure 4.9, indicates that there is an increase in the average cross sectional pellet area (mm2) after the column testing when compared to the dry pellet percentiles (Appendix C.IV). An increase in cross-sectional area corresponds with a proportional increase in volume. 


[bookmark: _Toc179185086]Figure 4.9. Box and whisker plot of the cross-sectional area (mm2) distribution of LDPE-coated HgS pellets that were collected from DIW columns, 1 mM CaCl2 columns, and dry as-received pellets. 

As seen in Figure 4.9, the 10th and 90th percentiles for the dry pellets were about 1-2 mm2 less than that of both the DIW and 1mM CaCl2 pellet distributions. If the pellets had a complete LDPE encapsulation, there likely would be little to no size difference pre- and post- Method 1314 testing. This 1-2 mm2 increase shows that some of the pellets do experience swelling during the percolation testing, causing possible breakage in the LDPE coating, or at the very least causing increased release of mercury from the pellets during testing.

[bookmark: _Toc174529276]4.6.5 Optical Microscope Images
After both rounds of the pellet only column tests, approximately 20 g of pellets were saved from each column for further analysis and comparison of images of dry “as-received” pellets and pellets after percolation testing. These images are shown in Figure 4.10.



Metacinnabar
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[bookmark: _Toc179185087]Figure 4.10. Optical microscopy images of a dry as-received pellet (left image) and pellet after percolation testing with DIW (right image). The major phases of interest are labeled and indicated on each image. 

In the image of the pellet used in Method 1314 with DIW eluent, there is an area in the center of the left edge of the photo that looks to be a break in the LDPE-coating. It is unclear whether this area resulted from the swelling of the pellet during testing or whether it was pre-existing prior to testing. However, this section provides the possibility of not only an incomplete LDPE-coating, but an area where mercury could leach out of the pellet during testing. Throughout both images are small black spots, likely formed metacinnabar (β-HgS) [Mineralogical Society of America, 2023]. Metacinnabar, a polymorph of cinnabar that is black in color with a metallic luster, can form in trace amounts during the reaction for cinnabar [Dickson, 1959].The formation of metacinnabar can be for a few reasons, one being high heating of cinnabar (>345°C) [Holley, 2007], or due to the presence of impurities that slow down the kinetics of conversion of metacinnabar to cinnabar [Barnett, 1997]. Low-temperature formation of metacinnabar can also be attributed to a nonstoichiometric arrangement of Hg and S [Barnett, 1997; Ravichandran, 1999; Satake, 1993]. There are also large transparent crystals of sulfur throughout the images. This supports that excess sulfur was added to the initial waste forms to try to ensure that a complete reaction of Hg(0) to HgS occurred. 


[bookmark: _Toc174529277]4.6.6 SEM/EDS Imaging Results
Two dry HgS pellets (as delivered) were analyzed with SEM/EDS. One pellet was small and smooth, while the second pellet was significantly larger and had a “stretched” look to it. A second round of SEM/EDS analysis was carried out on two HgS pellets collected post- Method 1314 testing from the second round of pellet only columns, one pellet having been exposed to DIW eluent and the other to 1 mM CaCl2 eluent. Figure 4.11 shows the backscatter electron (BSE) images of a DIW pellet and 1 mM CaCl2 pellet. 

   
[bookmark: _Toc179185088]Figure 4.11. BSE images of DIW pellet (left image) and 1 mM CaCl2 pellet (right image). The large particle in the center of the DIW pellet is HgS, and the large particle in the upper left quadrant of the 1 mM CaCl2 pellet image is sulfur. 

In the image of the 1 mM CaCl2 pellet, the elemental sulfur particle in the upper left quadrant appears to be adhering to the surface of the pellet, as seen by the shadows to the right of the sulfur particle on the surface of the particle. Additionally, the large HgS particle in the center of the DIW pellet image appears to be adhering the surface of the pellet, with similar shadows to the right of the particle. These particles might have become exposed through breakage and degradation of the LDPE coating or reprecipitation during the percolation column testing. The SEM/EDS was also used throughout testing to confirm that the particles in the secondary electron (SE) images that appear bright white are HgS, while the light gray crystal structures are sulfur, and the dark gray background is predominantly carbon (LDPE). An example of this feature is shown in Figure 4.12, with the spectrum from the point “Spectrum 7” on the left-hand image being displayed. 


[bookmark: _Toc179185089]Figure 4.12. A large HgS particle from a dry as-received HgS pellet (left image) and the spectrum produced by SEM-EDS to identify the elements at the chosen point. 

In Figure 4.12, the weight percent breakdown of mercury to sulfur at spectrum 7 is 80.7% to 13.4%, respectively. This is very close to the stoichiometric weight percent expected from HgS, which is 86.2% mercury and 13.8% sulfur, verifying the presence of HgS within the pellets. 


[bookmark: _Toc179185090]Figure 4.13. Secondary electron (SE) image of an HgS pellet exposed to 1 mM CaCl2 (left image) and a dry pellet (right image). 

Figure 4.13 shows secondary electron images of the pellet exposed to 1 mM CaCl2 eluent (left image) and a dry as-received pellet (right image). The 1 mM CaCl2 pellet has a HgS particle on the right edge of the image, and sulfur crystals scattered throughout in a light gray color. The dry pellet has a very large HgS particle on the right edge of the image. The HgS particle in the dry pellet can be seen to be covered with the LDPE material, whereas the HgS particle in the 1 mM CaCl2 pellet is completely exposed. This could be due to poor encapsulation techniques or degradation of the LDPE during 1314 testing with the 1 mM CaCl2 pellet. 


[bookmark: _Toc179185091]Figure 4.14. EDS maps of the 1 mM CaCl2 soaked HgS pellet. Top left: Carbon map. Top Right: Sulfur map. Bottom left: Mercury map. Bottom right: SE image of the area.

Lastly, Figure 4.14 shows an example of the SEM/EDS mapping used to quantify the carbon, mercury and sulfur in an HgS pellet soaked in 1 mM CaCl2 eluent. As seen in the mercury image, the white particle is predominantly HgS, as well as all of the white specks throughout the carbon background and that the light gray crystals are sulfur. Overall, the pellets have a few areas with large particles of HgS and sulfur, with small quantities of each evenly dispersed throughout the pellets. These maps are useful in identifying the areas of carbon, mercury, and sulfur throughout the pellet images, but should not be used as quantitative data due to the rounded and unpolished surface of the pellets. This lack of polishing and the rounded surface causes some of the EDS beams used throughout the scan to bounce erratically and not return to the detector, so the weight percent of each element identified is not accurate and sums approximately of 50-60 total wt% for each scan. 

[bookmark: _Toc174529278]4.7 Conclusions

Overall, this study characterized the release of mercury and major ions from LDPE-coated HgS pellets alone and in contact with backfill soil. Analysis of the samples collected from column testing of the LDPE-coated HgS pellets alone showed leaching of mercury throughout the L/S domain; however, the concentration of mercury in column eluates remained below the MCL of 0.002 mg/L. While the release of mercury remained low, the presence of soil-equilibrated eluent increased the leaching concentration of mercury across the entire L/S domain. The maximum concentration of mercury measured in the HgS pellet only testing was 0.001 mg/L using 1 mM CaCl2 eluent, whereas the maximum concentration measured in the HgS pellet and soil testing was 0.0006 mg/L. While the maximum concentration at a single L/S is overall lower in the soil equilibrated study, the steady leaching of mercury in the HgS pellet and soil experiments indicate that the backfill soil increases the leaching of mercury from the pellets in comparison to the pellet only testing. The leaching of mercury throughout all experimentation is indicative of an inconsistent LDPE coating, which could be due to swelling of the pellets cracking the coating, variations in LDPE thickness during the production of the pellets, or inconsistencies in washing of the pellets during production. Additionally, analytical uncertainty with aqueous mercury samples can be as high as 50%, and must be considered during data analysis of results. However, this analytical uncertainty is combated with ensuring samples pass QAQC standards. 
Variation in LDPE-coating impacting mercury release is supported by the observed swelling of LDPE-coated pellets during column testing. 1-4% swelling was seen in the four cases for soaking in eluent and is supported by an average increase in cross-sectional area of approximately 2 mm2 between the pellets collected post-1314 and the dry as-received pellets. This swelling, attributed to osmosis due to incomplete LDPE-coating on some pellets, caused significant issues during column testing and is potentially a failure mode for the proposed disposal scenario. The imaging of the pellets through both optical microscopy and SEM/EDS also indicated a change in the LDPE-coating of the pellets, with cracks in the LDPE shown in the optical microscope images of post-column testing pellets and a higher exposure of mercury particles shown in the wet pellet images on SEM/EDS. The swelling, while seemingly small when examining individual pellet, would be concern if over-packing of the secondary containment HDPE-drums occurred and infiltration caused swelling that then led to the drum breaking.
The pellets are also buoyant in water, so any containment failure would also increase the likelihood of significant transport of the pellets in groundwater or in streams and rivers due to the buoyancy. In conclusion, the variability seen in the LDPE-coated HgS pellets, including coating thickness, possible non-coated HgS on the surface, and pellet swelling, indicate that the use of LDPE-coated HgS pellets as a potential disposal method for the U.S. stores of Hg(0) requires some refinement before next steps can be taken as it is imperative to ensure the safe treatment and long-term disposal of Hg(0). 

 



[bookmark: _Toc174529279]Chapter 5: Conclusions and Future Work

[bookmark: _Toc174529280]5.1 Conclusions

The research in this dissertation characterized the liquid-solid partitioning of mercury with OPC and backfill soil under the effects of eluate pH and liquid-solid ratio using LEAF methodology in order to apply the findings to a landfill disposal scenario. Also evaluated was leaching from LDPE-coated mercury sulfide pellets, a potential process for treatment and disposal of elemental mercury. From these studies, mercury behavior and the mechanisms controlling the transport of mercury under disposal conditions, specifically with cement and soils systems, was successfully characterized under pH-dependent conditions. The results of the pH-dependent studies indicate that a majority of mercury sorbs to OPC and soils during testing, likely through sorption to CSH phases, soil organics, or ion exchange with certain minerals present in the systems. Additionally, the LDPE-coated HgS pellets were evaluated as a potential disposal method under percolation conditions, with findings indicating that the use of LDPE-coated HgS pellets as a disposal method for Hg(0) may meet the required treatment standard limits (UTS of 0.025 mg/L) but due to swelling issues is likely not a viable disposal method in its current state. The results of these studies can be used to inform the potential hazards of mercury contaminated debris in a landfill, and the potential release of mercury from treated waste to increase the safety of the proposed disposal conditions of the mercury waste.
The main results are summarized here and include (i) methodology to minimize potential mercury losses to sorption and volatility during laboratory experimentation, (ii) evaluation of the use of laboratory leaching characterization for estimating the LSP of mercury from cement and soils, (iii) first order approximation of the expected mercury leachate concentration in a landfill based on experimental LSP results for prediction of the effectiveness of cement and backfill soil as sinks for mercury, (iv) methodologies for the development of a geochemical speciation model to predict the leaching of mercury under varied L/S and redox conditions, and (v) evaluation of the use of laboratory leaching characterization for determining the efficacy of LDPE-coated HgS as a potential disposal method for Hg(0). Conclusions are as follows: 
Two major pathways for potential mercury losses – sorption to materials of construction and preservation of aqueous samples – were identified  that could result in under-prediction of mercury leaching. Experiments were conducted to test materials for containment of aqueous mercury samples, filtration material, mercury losses due to prolonged holding time, and preservation methods. The results of these experiments were applied to LEAF methodology to modify various steps during testing to minimize losses. 
PTFE and Type I (borosilicate) glass bottles for batch extraction and eluate storage vessels are recommended for all mercury samples. These materials sorb little to no mercury during testing. Therefore, batch extractions that specify HDPE (such as Method 1313 and 1316) should be modified to recommend PTFE or Type I glass when mercury is a COPC.
Filtration of all aqueous mercury samples should use glass syringes and PTFE filters housed in polypropylene at pH<9, whereas alternative methods should be used at pH>9 due to losses seen during testing. Alternative methods include allowing solids to settle prior to sample collection or centrifugation (which can only be done in glass centrifuge tubes, which limits applicability of this approach). 
Storage of unpreserved mercury samples in Type I glass bottles with PTFE lid liners and minimized headspace resulted in no losses over a two-week period. Therefore, leaching tests that require long-term storage of unpreserved eluates (such as Method 1314 and 1315) should consider storage in glass vessels and prioritize minimizing headspace.  
All analytical samples for mercury analysis should be preserved using Optima-grade HNO3 (1% v/v) and gold standard (200 µg/L) with samples stored at < 6°C prior to analysis. 

Laboratory sorption tests, adapted from EPA Method 1313, can be used to approximate the pH-dependent LSP of mercury with OPC, soils, and a blend of 75% OPC 25% soils at various concentrations of mercury in the forms of Hg(0) and Hg2+. 
The LSP of Hg(0) with all materials typically resulted in a wider variation of behavior between replicates and over the pH-domain tested when compared to results of Hg2+ containing experiments. Hg(0) is widely recognized as being very difficult to handle in experimentation because of low solubility and high volatility. The Hg(0)/OPC experiment had significant losses in the acidic pH domain tested, resulting from either losses due to volatility or analytical uncertainty.
Positive experimental controls of neutral and alkaline conditions show some variation in mercury recovery, but results indicate that the majority of mercury remains in solution during pH-dependent testing. As the amount of mercury in eluates throughout experiments with solids ranges to be between 50-80% less than the initial concentration, it is likely that the decrease in eluate concentration  observed were due to surface sorption to minerals in the solids. Some potential minerals for sorption include brucite and calcite. Other potential retention mechanisms include sorption to soil organics, cement mineral phases, or reincorporation to the cement pore structure.
Linear partition coefficients can be estimated from the experimental results, with the Hg/OPC Kd range of 1-45 L/kg (with one outlier at 430 L/kg), the Hg/soils Kd range of 270-4400 L/kg, and the Hg/OPC/soils range of 25-2800 L/kg. The OPC/soils experimental Kd range is indicative that OPC is the controlling mechanism in the neutral and alkaline range, whereas soil becomes more predominant at the acidic pH-domain. The Hg/soils Kd range falls well within the reported values in literature. 

Geochemical speciation modeling used in conjunction with laboratory experimental results is a helpful tool in estimating the mechanisms of sorption of mercury in solution and likely mineral formation with varied L/S and redox conditions. 
Sorption of mercury to HFO is the dominant mechanism occurring in an acidic to neutral pH domain throughout each experiment. HFO sorption is seen most prevalently in the Hg/soils model predictions. Minimal HFO sorption is seen in the Hg/OPC:soils predictions, and in the Hg/OPC models the HFO sorption is minimal in the Hg(0)/OPC model, but is higher in the 0.4 and 4 mg/kg Hg2+ predictions.  
An L/S ratio of 0.3 L/kg-dry, reflective of the porewater conditions in a landfill, can be evaluated using geochemical speciation modeling even though it is difficult to evaluate experimentally. This lower L/S ratio predicts higher concentrations of mercury in landfill leachate up to approximately 7.5 mg/L, as seen in the L/S 0.3 L/kg-dry for the 4 mg/kg HgCl2 OPC predictions.
An L/S ratio of 0.3 L/kg-dry predicts similar results and sorption to HFO for each case study. However, an L/S of 0.3 L/kg-dry coupled with reducing conditions, (i.e. pe=6), predicts the intrusion of liquid Hg(0) beginning at a pH of 4 and continuing through the alkaline pH domain. This is driven by the available content of mercury; the soils experiment containing 0.4 mg/kg HgCl2 as the target concentration had the lowest available content of mercury, remaining below the solubility limit of Hg(0), and therefore did not predict Hg(0) formation at reduced conditions.
Experimental and geochemical speciation modeling results can be used to create a first-order approximation of the estimation of mercury concentration in landfill leachate. 
Based on the determined assumptions and conditions, significant sorption of mercury to OPC and soils is estimated to occur in the landfill with anticipated leachate concentrations ranging from 6-170 µg/L.
The predicted range of 6-170 µg/L indicates that under the assumed conditions the leachate will pass TCLP testing for disposal acceptance, as the entire range is less than the TCLP limit of 0.2 mg/L. The upper bound of the predicted leachate concentration is close to exceeding the TCLP limit. However, the leachate will not pass the universal treatment standard (UTS) of 0.025 mg/L for two of the three calculated concentrations from the assumed system. 
The leachate concentration calculations are based on the debris passing the RCRA waste acceptance criteria of a TCLP eluate containing less than 0.2 mg/L total mercury. If Hg(0) is the main source of contamination in the debris undergoing TCLP testing for disposal acceptance, the possibility arises that the waste will pass TCLP regardless of the total mass of mercury present in the debris. This is due to the fact that the solubility of Hg(0) is lower than that of the TCLP limit of 0.2 mg/L. In this instance, the leachate concentrations in the landfill could be higher than the predicted range due to more mercury available in the landfill than predicted. 
The geochemical speciation modeling provides additional estimates of leachate concentration of mercury with the proposed systems at lower L/S ratios. As seen in the 4 mg/kg Hg2+/OPC case the concentration of mercury in solution reaches 9 mg/L at a L/S 0.3 L/kg-dry. If debris placed in the landfill passes the solid screening assessment of 4 mg/kg and behaved as predicted by the 0.3 L/kg-dry model, the leachate concentration would require significant treatment upon exiting the landfill. 
From an environmental safety perspective, the partition coefficients calculated from experiments provide an environment that will pass TCLP limits of 0.2 mg/L of mercury in the leachate of the landfill, but will not pass the UTS limit of 0.025 mg/L or the maximum contaminant level (MCL) for mercury of 0.002 mg/L. Stringent treatment processes of the leachate collected from the landfill will likely be required to reach the UTS or MCL, dependent upon the requirements set from RCRA for the treated leachate. As such, measures to further stabilize the mercury within the landfill even if debris passes TCLP for disposal could be considered to further minimize potential leaching of mercury from the landfill through leachate. 
Laboratory leaching tests, namely EPA Method 1314, can be used to estimate the release of mercury and major ions from LDPE-coated HgS pellets with and without the presence of equilibrated backfill soil eluate to mimic conditions found in the case of containment failure in a landfill disposal.
The LDPE-coated HgS pellets released small amounts of mercury throughout testing, with the presence of soil-equilibrated eluent increasing the leaching concentration of mercury across the entire L/S domain. The maximum concentration of mercury in solution throughout all testing did remain below the drinking water limit of 0.002 mg/L. Based on the conditions provided for the creation of the pellets, it is very likely that the presence of mercury is not due to excess mercury on the outer coating of the pellets after production, and instead is release of mercury during swelling by osmosis in some pellets due to incomplete LDPE-coating.  
The LDPE-coated HgS pellets were prone to swelling during leaching tests, the likely cause of mercury release from the pellets, with 1-4% swelling reported in swelling determination experiments. Additionally, size distribution comparison testing was conducted. Pellets used in Method 1314 testing averaged between 1-2 mm2 larger in cross-sectional area when compared to dry “as-received” pellets. This swelling caused issues during leaching testing and may be problematic on the broader scale of a disposal technique for Hg(0) stores in the United States. 
Optical microscopy and SEM/EDS analysis of the pellets showed variations in the “as-received” and “wet” pellets as well. Optical microscope images of a pellet used in percolation testing with DIW show a large fracture in the coating which is likely due to cracking of the LDPE-coating from swelling during testing. SEM/EDS imaging identified the major elements in the pellets on a qualitative basis and showed receding LDPE-coating on the HgS particles in the pellets used in percolation testing when directly compared to the dry pellets that received no testing. 

[bookmark: _Toc174529281]5.2 Recommendations for Future Work

For future work, testing of a different preservation method of potassium-permanganate-persulfate digestion for experiments containing Hg(0) should be explored to determine if this results in a more complete oxidation of Hg(0) and higher recovery in testing. Additionally, the testing of the LDPE-coated HgS material in a monolithic setting, such as using Method 1315, is possible. A monolith, instead of the small pellets, could possibly have less issues with the LDPE-coating swelling due to a lower surface area to volume ratio. Lastly, low L/S batch equilibrium testing, such as an adapted Method 1316, could provide further support for landfill leachate concentration predictions for mercury with OPC and backfill soil and the mechanisms controlling the sorption of mercury to each material. 
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[bookmark: _A.I_Eluate_Sample][bookmark: _Toc174529283]A.I Eluate Sample Analysis

Mercury concentrations in solution were determined by inductively coupled plasma-mass spectrometry (ICP-MS) using a Perkin Elmer model NexION 2000B (Perkin Elmer Corporation, Waltham, MA) following EPA Method 6020B [EPA, 2014]. For calibration, a Hg reference standard (Cat #PLHG4-2Y, SPEX CertiPrep) was diluted to an analytical range of 0.05 µg/L to 500 µg/L using 1% v/v Optima grade nitric acid and 200 µg/L gold(III). 50 µL of a 10 mg/L yttrium internal standard was added to 10 mL of sample aliquot prior to analysis. The method detection limit (MDL) for Hg by ICP-MS was 0.022 µg/L with a lower limit of quantitation (LLOQ) of 0.50 µg/L corresponding the lowest calibration standard. 
Analytical QA/QC included continuing calibration verification standards (10 µg/L) and analytical blanks that were analyzed every 10 to 20 samples with the check standard required to be within 15% of the specified value and blanks required to be less than the MDL. In addition, one matrix spike was analyzed for each set of 10 to 20 samples with the spike recovery required to be within 20% of the specified value. All calibration verification standards and matrix spikes were within 15% of the specified value, and all analytical blanks were less than the MDL. Analyte concentrations measured at less than the MDL were reported as <MDL and graphed at one-half the MDL to indicate that the measurement was conducted.








Supplementary Material for Chapter 3

[bookmark: _B.I._Details_of][bookmark: _Toc174529284]B.I. Details of pH-dependent leaching test (EPA Method 1313)

EPA Method 1313 [EPA, 2012] is a standardized parallel batch extraction method used to evaluate the liquid-solid partitioning (LSP) of inorganic constituents as a function of eluate pH. The general procedure consists of nine batch extractions of a particle size reduced sample material contacted with leaching solution at a liquid-to-solid ratio (L/S) of 10 L/kg-dry material and tumbled end over end at 28±2 revolutions per minute (rpms) over a specified contact interval, commonly 48 hours. The leaching solution is reagent water or 1 mM CaCl2, depending on material type, with additions of predetermined amounts of nitric acid (10N HNO3 for OPC materials, 2N HNO3 for soil materials) or potassium hydroxide (1N KOH) to adjust the final pH to nine specific target pH values (i.e. pH of 2, 4, 5.5, 7, 8, 9, 10.5, 12, and 13 with a tolerance of ±0.5 to each target pH except for the pH 2 condition). The acid and base additions are formulated from a pre-test acid/base titration curve of each sample. Another extraction without acid/base addition is carried out for the “natural pH” of the material. For samples using HgCl2 as the spike solution, a 48-hour tumble of the samples with the leaching solution occurs prior to addition of HgCl2, to ensure the material is in equilibrium prior to the mercury spike. The samples are then spiked with HgCl2 at a pre-determined amount and tumbled for an additional 48 hours. For samples using Hg(0) as the spike, a portion of the reagent water or 1 mM CaCl2 is replaced with Hg(0) equilibrated reagent water or Hg(0) equilibrated 1 mM CaCl2 solution. After tumbling, the solid and liquid phases are separated by settling (for pH>9) or filtration with glass syringes and PTFE filters housed in polypropylene (for pH<9). The samples are then analyzed by ICP-MS. Titration curves that show the amount of acid or base added to obtain the target pH values of eluate samples are provided in Figure B.1. 
As the method specifies, three method blanks (reagent water, acid blank, and base blank) generated without solids are prepared in parallel with test extractions with the analytical results to be used for QA/QC. Additionally, mercury controls at acidic, neutral, and alkaline pH points are generated without solids and prepared in parallel with test extractions for QA/QC. 

[image: ]  [image: ] 
Figure B.1 Acid/Base Titration curves for OPC, soils, and 75% OPC 25% Soils 1313 Experiments.

[bookmark: _B.II_Mercury_Spike][bookmark: _Toc174529285]B.II Mercury Spike Solution Calculations

A spike solution with concentrations of either 0.4 mg/kg-dry or 4 mg/kg-dry mercury is required for absorption testing. A bulk solution of HgCl2 (6.5%) was used for dilutions. A dry equivalent mass of 9 g-dry was used throughout experimentation for solids. 
The weight of chloride must be accounted for in the total dilutions using the ratio of the molecular mass of HgCl2 and elemental Hg: 

Next, determine the mass of HgCl2 must be added to each vessel based on the dry-equivalent mass of the solid.

The objective is to deliver the calculated mass of HgCl2 using a 1 mL aliquot of the spike solution, so the spike solution in mg/L can be calculated as:

The target concentration of HgCl2 in solution has been calculated based on 5.4 mg/kg HgCl2, and a series of dilutions of the bulk HgCl2 solution will be required to achieve the target solution concentration. Using 6.5% HgCl2  and 93.5% water from the bulk solution, and 1% equals 10,000 mg/L, the concentration of HgCl2 in terms of mg/L can be calculated as: 

The concentration and volume equation below was used for the series of dilutions:

An intermediate dilution of 100 mg/L is required due to the high concentration of HgCl2 in the bulk solution, with the final volume of the solution set to 20 mL:


The 100 mg/L dilution can then be used for the final spike solution of 48.6 mg/L: 


The remaining volume of each dilution is made up of DIW to reach a total volume of 20 mL. 
For the 0.4 mg/kg Hg spike solution using HgCl2, the same series of calculations were conducted on a scale of one order of magnitude less, resulting in a final concentration of the spike solution of 4.86 mg/L HgCl2. 

[bookmark: _B.III_Eluate_Analysis][bookmark: _Toc174529286]B.III Eluate Analysis

Analysis of pH and electrical conductivity (EC). For eluates from the leaching tests, the pH and EC were measured as aliquots (~5mL) of eluate using an Accumet 20XL multimeter. Prior to testing, the pH electrode was calibrated with two National Institute of Standards and Technology (NIST) traceable pH buffer solutions that bounded the anticipated range of pH to be measured. A third mid-range NIST buffer was used to verify the calibration. Conductivity of all leaching test eluates was determined using a standard conductivity probe calibrated to an appropriate standard conductivity solution for the range of concern. 

Analysis by inductively coupled plasma spectrometry. The concentrations of the inorganic cationic constituents were determined through inductively coupled plasma-optical emission spectrometry (ICP-OES) following EPA Method 6010D, and mercury concentrations were determined through inductively coupled plasma-mass spectrometry (ICP-MS) following EPA Method 6010B.
Inductively coupled plasma-optical emission spectrometry (ICP-OES) was carried out on an Agilent 5110 VDV (Agilent Technologies, Santa Clara, CA) following EPA Method 6010D [SW-846 Method 6010D]. Six-point standard curves will be used for an analytical range between approximately 25 µg/L and 250 mg/L. Analytical blanks and analytical check standards at approximately 0.5 mg/L were run every 10 samples and required to be within 10% of the specified value and that blanks be below MDLs. A matrix spike sample was added within the set and was required to be within 15% of the specified value. Analyses were performed on undiluted samples to minimize total dissolved loading to the instrument. Yttrium at 10 mg/L was used as the internal standard. Instrument settings included 1 kW radio frequency (RF) power, 15 L/min argon plasma flow, 0.7 L/min nebulizer flow, 5 seconds per replicate read time for 3 replicates. 
ICP-MS details are in Appendix A.I. Table B.1 shows a list of the Methods, MDLs, and LLOQs for analysis of eluates by ICP-OES and ICP-MS. 

Table B.1. Methods, MDLs, and LLOQs for analysis of eluates by ICP-OES and ICP-MS.
	Analyte
	Method
	MDL (mg/L)
	LLOQ (mg/L)

	Al
	ICP-OES
	0.0026
	0.025

	Sb
	ICP-OES
	0.0051
	0.025

	As
	ICP-OES
	0.0052
	0.025

	Ba
	ICP-OES
	0.0022
	0.025

	Be
	ICP-OES
	0.0038
	0.025

	B
	ICP-OES
	0.0024
	0.025

	Cd
	ICP-OES
	0.0043
	0.025

	Ca
	ICP-OES
	0.0065
	0.025

	Cr
	ICP-OES
	0.0024
	0.025

	Co
	ICP-OES
	0.0024
	0.025

	Cu
	ICP-OES
	0.0037
	0.025

	Fe
	ICP-OES
	0.0023
	0.025

	Pb
	ICP-OES
	0.0056
	0.025

	Li
	ICP-OES
	0.0041
	0.025

	Mg
	ICP-OES
	0.0029
	0.025

	Mn
	ICP-OES
	0.0021
	0.025

	Mo
	ICP-OES
	0.0022
	0.025

	Ni
	ICP-OES
	0.0025
	0.025
	

	K
	ICP-OES
	0.0036
	0.025

	P
	ICP-OES
	0.0054
	0.025

	Se
	ICP-OES
	0.0063
	0.025
	

	Si
	ICP-OES
	0.0041
	0.025
	

	Ag
	ICP-OES
	0.0102
	0.025

	Na
	ICP-OES
	0.0059
	0.025

	Sr
	ICP-OES
	0.0036
	0.025

	S
	ICP-OES
	0.0053
	0.025

	Tl
	ICP-OES
	0.0048
	0.025

	Sn
	ICP-OES
	0.0074
	0.025

	Ti
	ICP-OES
	0.0022
	0.025

	V
	ICP-OES
	0.0016
	0.025

	Zn
	ICP-OES
	0.0025
	0.025

	Zr
	ICP-OES
	0.0029
	0.025

	Hg
	ICP-MS
	2E-5
	5E-5



[bookmark: _B.IV_Solids_Characterization][bookmark: _Toc174529287]B.IV Solids Characterization Results for Backfill Soil

Soil Source. The backfill soil was provided by the Oak Ridge National Laboratory (ORNL). The soils were shipped by chain of custody from ORNL to Vanderbilt University in sealed 5-gallon containers. The soil samples were air dried for one week, then size reduced by hand until passable through a No. 10 sieve (<2 mm). Samples of the soil were sent to Israel for XRD analysis and to Waters National Laboratories, Inc. for cation exchange capacity (CEC) and textural analysis.
X-Ray Diffraction Analysis. Limestone and marl crystallographic characterization for both bulk and clay fractions was performed by X-Ray diffraction (XRD) using a PANalytical X'Pert diffractometer (Cu Kα, λ = 1.54 Å) from 5°–65° 2-theta at in increments of 0.017° or 0.033°. The clay fraction (<2 μm) was collected from suspensions settled according to Stokes Law after ultrasonic disaggregation, dissolution of carbonates and salts, and then Sr saturation. Strontium saturation serves two purposes: (a) Sr facilitates the clay deposition from the suspension, and (b) Sr promotes ion exchange and pushes the clays towards a constant interlayer distance. Clay suspensions were pipetted onto glass slides and analyzed after air-drying, glycolation (8 h at 60 °C), and heating to 550 °C (2 h). The XRD patterns were acquired in Bragg-Brentano geometry with CuKα radiation using a PANalytical X'Pert diffractometer operated at 45 kV and 40 mA. Samples were scanned from 2 to 30° 2θ with a step size of 0.013° 2θ. Mineral phase identification was done manually.
Results from XRD analysis are in Table B.2 and Figure B.2. CEC and textural analysis results are in Table B.3. 

Table B.2. Summary Table of Mineral Abundances in Backfill Soil in Weight %
	Sample
	Dominant (> 50%)
	Major (20-50%)
	Minor (5-20%)
	Trace (<5%)

	Backfill Soil
	-
	Quartz, phyllosilicates
	-
	Plagioclase, K-feldspar, calcite, dolomite, hematite



[image: ]
Figure B.2. Diffraction patterns of the backfill soil sample determined through XRD with identified mineral phases. 

Table B.3. Summary of Results from Waters Agricultural Laboratories, Inc for backfill soil samples. 
	Sample
	Soil Laboratory Data (lbs/a)
	Soil Classification

	
	P
	K
	Mg
	Ca
	Soil pH
	Mn
	Fe
	CEC (meq/100g)
	% silt
	% clay
	% sand

	A
	9
	128
	952
	5818
	7.5
	51
	56
	20.7
	37.8
	32.2
	30.0

	B
	7
	120
	854
	5437
	7.4
	50
	40
	19.3
	30.2
	28.3
	41.6



[bookmark: _B.V._Thermogravimetric_Analysis][bookmark: _Toc174529288]B.V. Thermogravimetric Analysis of Backfill Soil

Thermogravimetric Analysis (TGA) was used to estimate the carbonate content of the backfill soils for use in geochemical speciation modeling. A TA Instruments Q600 SDT analyzer (New Castle, Delaware, USA) was used for analysis. Approximately 20 mg of ground and sieved soil (passing No. 100 mesh sieve) was loaded into the instrument in duplicate. Each test sample was heated under a continuous flow of nitrogen from 30°C to 1000°C at a rate of 10°C/min. The carbonate content was calculated based on the mass loss of the sample in the temperature range of 550°C-800°C. 
Figure B.3 shows the weight decrease as a function of temperature of the soil sample from TGA analysis in the temperature range of interest. 

[image: ]
Figure B.3. Weight (mg) as a function of temperature of the soil sample from TGA analysis. The temperature range of interest for carbonate is between 550-800°C, as shown. 

Calculations of weight loss and conversion into the needed LeachXS input value for the carbonate content for soils is shown below, based on a total mass of 19.6 mg of soil and a weight loss of 0.413 mg between 550-800°C.


[bookmark: _B.VI._Iron_(Hydr)oxide][bookmark: _Toc174529289]B.VI. Iron (Hydr)oxide Content

The amount of iron (hydr)oxides (HFO) in OPC and soils were determined through analysis of iron concentrations in eluates from two selective extraction tests. The amorphous iron (hydr)oxides (AmFeOOH) were extracted with ascorbic acid following the ISO Method 12782-1 [ISO, 2012]. The crystalline iron (hydr)oxides (CryFeOOH) were extracted with dithionite following the ISO Method 12782-2 [ISO, 2012]. The results and values of HFO used in geochemical speciation modeling are in Table B.4. 

Table B.4. Amount of amorphous and crystalline iron (hydr)oxides, measured available Fe from Method 1313, and the calibrated HFO content used in geochemical speciation modeling.  
	Material
	Measured Values 
(mol Fe/kg-dry)
	Virtual Material (mol Fe/kg-dry)

	
	AmFeOOH
	CryFeOOH
	AmFeOOH + CryFeOOH
	Measured Available Fe (EPA 1313)
	HFO Content

	OPC Rep A
	0.021
	0.024
	0.045
	0.00015
	0.047

	OPC Rep B
	0.043
	0.002
	0.045
	
	

	Soils Rep A
	0.014
	0.107
	0.121
	0.00029
	0.052

	Soils Rep B
	0.015
	0.109
	0.124
	
	



[bookmark: _B.VII_Positive_Controls][bookmark: _Toc174529290]B.VII Positive Controls for Absorption Testing 

Positive controls were used in each set of experiments to provide confirmation of the stability of mercury in the solution. Percent recovery of each control is calculated using the concentration of mercury in solution and the concentration of mercury in the spike solution, as seen in the following equation:

Tables B.5-B.12 report the positive control percent recovery for each experiment. The analyzed spike solution concentration for each case is given in the table title. 

Table B.5 Positive controls for 0.4 mg/kg HgCl2 OPC testing, the spike solution analyzed at 0.0359 mg/L. 
	Sample
	pH
	Hg (mg/L)
	Percent Recovery

	Neutral-1
	7.90
	0.021
	58.5%

	Neutral-2
	7.07
	0.022
	61.3%

	Alkaline-1
	11.1
	0.025
	69.6%

	Alkaline-2
	11.0
	0.025
	69.6%



Table B.6 Positive controls for 4 mg/kg HgCl2 OPC testing, the spike solution analyzed at 0.267 mg/L. 
	Sample
	pH
	Hg (mg/L)
	Percent Recovery

	Neutral-1
	7.33
	0.264
	98.8%

	Neutral-2
	5.12
	0.251
	94.0%

	Alkaline-1
	
	0.272
	102%

	Alkaline-2
	
	0.282
	106%



Table B.7 Positive controls for Hg(0) OPC testing, the spike solution analyzed at 0.044 mg/L. 
	Sample
	pH
	Hg (mg/L)
	Percent Recovery

	Neutral-1
	8.21
	0.032
	73.6%

	Neutral-2
	6.79
	0.029
	65.4%

	Alkaline-1
	11.5
	0.031
	69.5%

	Alkaline-2
	11.4
	0.029
	65.4%



Table B.8 Positive controls for 0.4 mg/kg HgCl2 Soils testing, the spike solution analyzed at 0.0239 mg/L. 
	Sample
	pH
	Hg (mg/L)
	Percent Recovery

	Neutral-1
	8.08
	0.025
	105%

	Neutral-2
	7.73
	0.017
	71.1%

	Alkaline-1
	11.0
	0.021
	87.8%

	Alkaline-2
	11.0
	0.020
	83.7%



Table B.9 Positive controls for 4 mg/kg HgCl2 Soils testing, the spike solution analyzed at 0.227 mg/L. 
	Sample
	pH
	Hg (mg/L)
	Percent Recovery

	Neutral-1
	7.84
	0.222
	97.8%

	Neutral-2
	7.47
	0.227
	100%

	Alkaline-1
	11.0
	0.215
	94.7%

	Alkaline-2
	11.0
	0.224
	98.7%



Table B.10 Positive controls for Hg(0) Soils testing, the spike solution analyzed at 0.123 mg/L. 
	Sample
	pH
	Hg (mg/L)
	Percent Recovery

	Neutral-1
	8.24
	0.103
	83.7%

	Neutral-2
	7.84
	0.108
	87.8%

	Alkaline-1
	10.9
	0.104
	84.5%

	Alkaline-2
	10.9
	0.103
	83.7%



Table B.11 Positive controls for 4 mg/kg HgCl2 75% OPC 25% Soils testing, the spike solution analyzed at 0.170 mg/L. 
	Sample
	pH
	Hg (mg/L)
	Percent Recovery

	Acid-1
	1.34
	0.183
	108%

	Acid-2
	1.34
	0.224
	124%

	Neutral-1
	5.17
	0.172
	101%

	Neutral-2
	5.30
	0.185
	109%

	Alkaline-1
	12.6
	0.165
	97.1%

	Alkaline-2
	12.5
	0.150
	88.2%



Table B.12 Positive controls for Hg(0) 75% OPC 25% Soils testing, the spike solution analyzed at 0.339 mg/L. 
	Sample
	pH
	Hg (mg/L)
	Percent Recovery

	Neutral-1
	5.26
	0.140
	41.3%

	Neutral-2
	5.24
	0.146
	43.1%

	Alkaline-1
	10.9
	0.128
	37.8%

	Alkaline-2
	11.0
	0.133
	39.2%



[bookmark: _B.VIII_Partition_Coefficient][bookmark: _Toc174529291]B.VIII Partition Coefficient Determination 

Partition coefficients, or Kd, were calculated for each pH test position for each Method 1313 experiment. In equation 3.1, the general notation for an equation term in the derivation takes the form of  , where: 
 for aqueous concentration [mg/L] and  for solid phase concentration (i.e., content) [mg/kg];  for solid phase content and  for the aqueous concentration; 
and  for mercury materials. 
The partition coefficients are calculated as the absorbed mercury divided by the mercury in solution:

Where the absorbed mercury is calculated using the spike solution concentrations unique to each experimental dataset and the L/S ratio of 10 L/kg-dry, as required by Method 1313 testing:

Tables B.13 – B.20 provide the values needed for Kd calculations, the Kd coefficients, and the average Kd for each pH point. 

Table B.13 Partition Coefficients for 0.4 mg/kg HgCl2 OPC Experiments
	Sample
	pH
	Hg (mg/L)
	Hg (mg/kg)
	Kd (L/kg)*
	Average Kd (L/kg)

	T01-A
	12.5
	0.0051
	0.051
	60
	62

	T01-B
	12.5
	0.0049
	0.049
	63
	

	T05-A
	5.13
	0.0025
	0.025
	134
	104

	T05-B
	5.28
	0.0043
	0.043
	73
	


*the spike solution for this experiment analyzed at 0.0359 mg/L  

Table B.14 Partition Coefficients for 4 mg/kg HgCl2 OPC Experiment
	Sample
	pH
	Hg (mg/L)
	Hg (mg/kg)
	Kd (L/kg)*
	Average Kd (L/kg)

	T01-A
	12.9
	0.092
	0.92
	19
	18

	T01-B
	12.8
	0.099
	0.99
	17
	

	T02-A
	12.2
	0.091
	0.91
	19
	22

	T02-B
	12.2
	0.078
	0.78
	24
	

	T03-A
	10.6
	0.077
	0.77
	25
	26

	T03-B
	10.3
	0.071
	0.71
	28
	

	T04-A
	9.23
	0.05
	0.5
	43
	33

	T04-B
	8.78
	0.082
	0.82
	23
	

	T05-A
	6.65
	0.119
	1.19
	12
	22

	T05-B
	6.5
	0.063
	0.63
	32
	

	T07-A
	3.77
	0.227
	2.27
	2
	4

	T07-B
	3.69
	0.167
	1.67
	6
	


*spike solution for this experiment analyzed at 0.267 mg/L 

Table B.15 Partition Coefficients for Hg(0) OPC Experiment
	Sample
	pH
	Hg (mg/L)
	Hg (mg/kg)
	Kd (L/kg)*
	Average Kd (L/kg)

	T01-A
	13.1
	0.0092
	0.092
	38
	21

	T01-B
	13.1
	0.029
	0.29
	5
	

	T02-A
	12.6
	0.019
	0.19
	13
	7

	T02-B
	12.6
	0.04
	0.4
	1
	

	T03-A
	10.3
	0.018
	0.18
	14
	22

	T03-B
	10.1
	0.011
	0.11
	30
	

	T04-A
	7.52
	0.115
	1.15
	0
	1

	T04-B
	6.86
	0.038
	0.38
	2
	

	T05-A
	4.66
	0
	0
	0
	0

	T05-B
	4.44
	0
	0
	0
	

	T07-A
	3.7
	0
	0
	0
	215

	T07-B
	3.56
	0.001
	0.01
	430
	


*spike solution for this experiment analyzed at 0.044 mg/L 

Table B.16 Partition Coefficients for 0.4 mg/kg HgCl2 Soils Experiment 
	Sample
	pH
	Hg (mg/L)
	Hg (mg/kg)
	Kd (L/kg)*
	Average Kd (L/kg)

	T01-A
	13
	0.00039
	0.0039
	600
	440

	T01-B
	12.9
	0.00084
	0.0084
	275
	

	T05-A
	8.32
	0.00028
	0.0028
	840
	670

	T05-B
	8.08
	0.00047
	0.0047
	500
	


*spike solution for this experiment analyzed at 0.0239 mg/L 

Table B.17 Partition Coefficients for 4 mg/kg HgCl2 Soils Experiment 
	Sample
	pH
	Hg (mg/L)
	Hg (mg/kg)
	Kd (L/kg)*
	Average Kd (L/kg)

	T01-A
	13
	0.00042
	0.0042
	5400
	4440

	T01-B
	13
	0.00065
	0.0065
	3500
	

	T03-A
	11
	0.0084
	0.084
	260
	270

	T03-B
	11
	0.0078
	0.078
	280
	

	T05-A
	8.32
	0.0033
	0.033
	680
	700

	T05-B
	8.09
	0.0031
	0.031
	720
	


*spike solution for this experiment analyzed at 0.227 mg/L 

Table B.18 Partition Coefficients for Hg(0) Soils Experiment 
	Sample
	pH
	Hg (mg/L)
	Hg (mg/kg)
	Kd (L/kg)*
	Average Kd (L/kg)

	T01-A
	13.2
	0.0029
	0.029
	415
	420

	T01-B
	13.4
	0.0028
	0.028
	430
	

	T05-A
	8.95
	0.0004
	0.004
	3070
	3580

	T05-B
	8.88
	0.0003
	0.003
	4090
	


*spike solution for this experiment analyzed at 0.123 mg/L 

Table B.19 Partition Coefficients for 4 mg/kg HgCl2 75% OPC 25% Soils Experiment 
	Sample
	pH
	Hg (mg/L)
	Hg (mg/kg)
	Kd (L/kg)*
	Average Kd (L/kg)

	T01-A
	13
	0.047
	0.47
	26
	27

	T01-B
	13.2
	0.046
	0.46
	27
	

	T02-A
	12.4
	0.028
	0.28
	51
	130

	T02-B
	12.4
	0.008
	0.08
	200
	

	T03-A
	11.2
	0.018
	0.18
	85
	82

	T03-B
	10.7
	0.019
	0.19
	80
	

	T04-A
	8.81
	0.03
	0.3
	47
	41

	T04-B
	8.98
	0.038
	0.38
	35
	

	T06-A
	8.05
	0.016
	0.16
	95
	110

	T06-B
	7.34
	0.013
	0.13
	120
	

	T07-A
	6.37
	0.049
	0.49
	25
	150

	T07-B
	5.47
	0.006
	0.06
	270
	

	T08-A
	4.31
	0.0008
	0.008
	2100
	2270

	T08-B
	3.36
	0.0007
	0.007
	2400
	


*spike solution for this experiment analyzed at 0.17 mg/L 

Table B.20 Partition Coefficients for Hg(0) 75% OPC 25% Soils Experiment
	Sample
	pH
	Hg (mg/L)
	Hg (mg/kg)
	Kd (L/kg)*
	Average Kd (L/kg)

	T01-A
	12.7
	0.0012
	0.012
	2820
	2820

	T01-B
	12.6
	0.0012
	0.012
	2820
	

	T05-A
	6.56
	0.072
	0.72
	37
	130

	T05-B
	7.33
	0.0145
	0.145
	220
	


*spike solution for this experiment analyzed at 0.339 mg/L
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Available content. The available content of simulated constituents are summarized in Table B.24 (Appendix B.XI). For all constituents except CO32-, the available content was determined as the maximum eluate concentration (mg/L) over the entire pH domain of Method 1313 multiplied by L/S 10 L/kg-dry. The available content of CO32- was estimated using TGA analysis of the backfill soil and determining the mass loss between 550-800°C for two samples. The preferred pH domain for available content is pH<2. In the case of OPC containing Method 1313 tests, a pH<2 was difficult to reach due to pH buffering. It is likely that the total content of some constituents, particularly iron and aluminum, are higher than the experimental results provided. 
Mineral phases. A potential set of mineral phases (Tables B.21-B.23, Appendix B.X) were derived from simulating the pH dependent leaching data. Aqueous speciation and selected minerals were taken from Minteq.v4 database, Minteq.v4_plus_cemdata18_25_degrees database, and Lawrence Livermore National Laboratory (LLNL). The possible solubility-controlling minerals were informed by general knowledge of constituents typically found in OPC and XRD results of the backfill soil. 
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Table B.21 Mineral set identified in geochemical virtual materials for ordinary portland cement
	Phase ID in Database
	Formula
	Reaction
	logK[footnoteRef:3] [3:  LogK refers to dissolution reaction constant at 25°C (solubility product constant).] 


	[bookmark: _Ref173577927]Al[OH]3[am][s][footnoteRef:4] [4:  Minteq.v4_plus_cemdata18_25_degrees database ] 

	Al[OH]3
	Al[OH]3(am) ↔Al[OH]4-(aq) + H+(aq) + H2O(aq)
	12.2

	CEM18_C3AS0_41H5_18[s]b
	[Ca3O3]Al2O3[SiO2]0.41[H2O]5.18
	[Ca3O3]Al2O3[SiO2]0.41[H2O]5.18 + 3.18H+ ↔ 2Al[OH]4- + 3Ca2+ +2.36H2O + 0.41H2SiO42-
	-19.83296

	CEM18_C3FH6[s]b
	Ca3FeO4•8[H2O]
	Ca3FeO4•8[H2O] + 4H+ ↔ 3Ca2+ + 4H2O + 2Fe[OH]4-
	-29.70507

	[bookmark: _Ref173578176]Ferrihydrite[s][footnoteRef:5] [5:  Minteq.v4_converted database] 

	Fe[OH]3
	Fe[OH]3(s) + H2O ↔ Fe[OH]4- + H+
	18.409

	CEM18_Gp[s]b
	CaSO4•2H2O
	CaSO4•2H2O ↔Ca2+ + 2H2O + SO42-
	4.580647

	Hgmetal[l]c
	Hg
	Hg ↔ 0.5Hg22+ + e-
	28.8502

	H-Jarosite[s]c
	[H3O]Fe3[SO4]2[OH]6
	[H3O]Fe3[SO4]2[OH]6 + 5H2O ↔ 3Fe[OH]4- + 7H+ +2SO42- 
	76.9

	Mg[OH]2[active][s]b
	Mg[OH]2
	Mg[OH]2(s)+2H+(aq) ↔Mg2+(aq)+H2O(aq) 
	-18.794

	CEM18_monosulphate1205[s]b
	Ca2AlS0.5O5(H2O)6
	Ca2AlS0.5O5(H2O)6 +2H+ ↔ Al[OH]4- + 2Ca2+ + 5H2O + 0.5SO42-
	-13.27407

	Na-Jarosite[s]c
	NaFe3[SO4]2[OH]6
	NaFe3[SO4]2[OH]6 + 6H2O ↔ 3Fe[OH]4- + 6H+ + Na+ +2SO42-
	76.0

	Portlandite[s]b
	Ca[OH]2
	Ca[OH]2(s) + 2H+(aq)↔Ca2+(aq) + 2H2O(aq)
	-22.80023

	CEM18_Qtz[s]b
	SiO2
	SiO2(s) + 2H2O(aq) ↔2H2+(aq) + H2SiO42-(aq) 
	25.36661

	CEM18_straetlingite[s]b
	Ca2Al2SiO7[H2O]8
	Ca2Al2SiO7[H2O]8(s) )↔ 2Al(OH)4-(aq) + 2 Ca2+(aq) + 5H2O(aq) + H2SiO42-(aq) 
	17.74661





Table B.22 Mineral set identified in geochemical virtual materials for backfill soil 
	Phase ID in Database
	Formula
	Reaction
	logK[footnoteRef:6] [6:  Log K refers to dissolution reaction constant at 25°C (solubility product constant)] 


	[bookmark: _Ref173578617]Al2O3[s][footnoteRef:7] [7:  Minteq.v4_converted database] 

	Al2O3
	Al2O3(s) +5H2O↔ 2Al[OH]4- + 2H+
	26.3476

	Brucite[s]b
	Mg[OH]2
	Mg[OH]2(s)+2H+(aq) ↔Mg2+(aq)+H2O(aq) 
	-16.84005

	Calcite[s]b
	CaCO3
	CaCO3 ↔ Ca2+ + CO32-
	8.480000

	Dolomite[ordered][s]b
	CaMg[CO3]2
	CaMg[CO3]2 ↔ 2CO32- + Ca2+ + Mg2+ 
	17.09000

	Ferrihydrite[s]b
	Fe[OH]3
	Fe[OH]3(s) + H2O ↔ Fe[OH]4- + H+
	18.409

	Gypsum[s]b
	CaSO4•2H2O
	CaSO4•2H2O ↔Ca2+ + 2H2O + SO42-
	4.61

	Hgmetal[l]b
	Hg
	Hg ↔ 0.5 Hg22+ + e-
	28.8502

	Illite[footnoteRef:8] [8:  LLNL database ] 

	K0.6Mg0.25Al2.3Si3.5O10[OH]2
	K0.6Mg0.25Al2.3Si3.5O10[OH]2+11.2H2O ↔ 2.3Al[OH]4- + 8.2H+ +3.5H2SiO42- +0.6K+ +0.25Mg2+
	1.195E2

	Kaolinite[s]b
	Al2Si2O5[OH]4
	Al2Si2O5[OH]4+ 7H2O ↔2Al[OH]4- +6H+ + 2H2SiO42-
	81.805

	Quartz[s]b
	SiO2
	SiO2(s) + 2H2O(aq) ↔2H2+(aq) + H2SiO42-(aq) 
	25.36661
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Table B.23 Mineral set identified in geochemical virtual material for OPC/soil 
	Phase ID in Database
	Formula
	Reaction
	logK[footnoteRef:9] [9:  logK refers to dissolution reaction constant at 25°C (solubility product constant).] 


	[bookmark: _Ref173577114]Al[OH]3[am][s][footnoteRef:10] [10:  Minteq.v4_plus_cemdata18_25_degrees database ] 

	Al[OH]3
	Al[OH]3(am) ↔Al[OH]4-(aq) + H+(aq) + H2O(aq)
	12.2

	CEM18_C3AS0_41H5_18[s]b
	[Ca3O3]Al2O3[SiO2]0.41[H2O]5.18
	[Ca3O3]Al2O3[SiO2]0.41[H2O]5.18 + 3.18H+ ↔ 2Al[OH]4- + 3Ca2+ +2.36H2O + 0.41H2SiO42-
	-19.83296

	CEM18_C3FH6[s]b
	Ca3FeO4•8[H2O]
	Ca3FeO4•8[H2O] + 4H+ ↔ 3Ca2+ + 4H2O + 2Fe[OH]4-
	-29.70507

	[bookmark: _Ref173577387]Calcite[s][footnoteRef:11] [11:  Minteq.v4_converted database ] 

	CaCO3
	CaCO3 ↔ Ca2+ + CO32-
	8.480000

	Dolomite[ordered][s]c
	CaMg[CO3]2
	CaMg[CO3]2 ↔ 2CO32- + Ca2+ + Mg2+ 
	17.09000

	Ferrihydrite[s]c
	Fe[OH]3
	Fe[OH]3(s) + H2O ↔ Fe[OH]4- + H+
	18.409

	CEM18_Gp[s]b
	CaSO4•2H2O
	CaSO4•2H2O ↔Ca2+ + 2H2O + SO42-
	4.580647

	Hgmetal[l]c
	Hg
	Hg↔0.5Hg22+ + e-
	28.8502

	H-Jarosite[s]c
	[H3O]Fe3[SO4]2[OH]6
	[H3O]Fe3[SO4]2[OH]6 + 5H2O ↔ 3Fe[OH]4- + 7H+ +2SO42- 
	76.9

	Illite[footnoteRef:12] [12:  LLNL database] 

	K0.6Mg0.25Al2.3Si3.5O10[OH]2
	K0.6Mg0.25Al2.3Si3.5O10[OH]2 +11.2H2O ↔ 2.3Al[OH]4- + 8.2H+ +3.5H2SiO42- +0.6K+ +0.25Mg2+
	1.195E2

	Kaolinite[s]c
	Al2Si2O5[OH]4
	Al2Si2O5[OH]4+ 7H2O ↔2Al[OH]4- +6H+ + 2H2SiO42-
	81.805

	Mg[OH]2[active][s]b
	Mg[OH]2
	Mg[OH]2(s)+2H+(aq) ↔Mg2+(aq)+H2O(aq) 
	-18.794

	CEM18_monosulphate1205[s]b
	Ca2AlS0.5O5(H2O)6
	Ca2AlS0.5O5(H2O)6 +2H+ ↔ Al[OH]4- + 2Ca2+ + 5H2O + 0.5SO42-
	-13.27407

	Na-Jarosite[s]c
	NaFe3[SO4]2[OH]6
	NaFe3[SO4]2[OH]6 + 6H2O ↔ 3Fe[OH]4- + 6H+ + Na+ +2SO42-
	76.0

	Portlandite[s]b
	Ca[OH]2
	Ca[OH]2(s) + 2H+(aq)↔Ca2+(aq) + 2H2O(aq)
	-22.80023

	CEM18_Qtz[s]b
	SiO2
	SiO2(s) + 2H2O(aq) ↔2H2+(aq) + H2SiO42-(aq) 
	25.36661

	CEM18_straetlingite[s]b
	Ca2Al2SiO7[H2O]8
	Ca2Al2SiO7[H2O]8(s) )↔ 2Al[OH]4-(aq) + 2 Ca2+(aq) + 5H2O(aq) + H2SiO42-(aq) 
	17.74661
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Table B.24 Available content (mg/kg-dry) of constituents in geochemical virtual materials for each material type.
	Constituent
	Material Type

	
	OPC
	Soil
	OPC/Soil

	Al
	211
	827
	38.1

	Ba
	51.4
	23.8
	46.8

	Ca
	61300
	8390
	54300

	Cl
	1.41
	710.1
	710.1

	CO32-
	6E-9
	21200
	5300

	Cr
	19.9
	6E-9
	13.5

	Cu
	4.37
	6E-9
	1.89

	Fe
	9.01
	19.1
	1.12

	B
	10.6
	14.8
	11.4

	Si
	157
	365
	118

	K
	4570
	100
	3390

	Li
	70.3
	2.30
	32.3

	Mg
	7230
	3260
	6380

	Mn
	64.3
	73.9
	81.9

	Mo
	2.52
	6E-9
	1.84

	Na
	520
	62.1
	328

	Ni
	7.18
	6E-9
	4.17

	SO4
	17540
	781
	17300

	Sr
	198
	6.40
	157

	V
	10.6
	1.00
	1.00
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[image: ]Figure B.4. Comparison of predicted leaching of Al, Ca, Fe, Si, Mg, K, Na, and S from OPC. Modeling results for L/S 10 and 0.3 L/kg-dry are included. 



[image: ][image: ][image: ][image: ][image: ][image: ][image: ][image: ][image: ]Figure B.5. Mineral speciation of 0.4 mg/kg HgCl2 OPC at an L/S 10L/kg-dry for Al, Ca, Fe, Si, Hg, Mg, K, Na, and S constituents. 
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[image: ]Figure B.6. Comparison of predicted leaching of Al, Ca, Fe, Si, Mg, K, Na, and S from soil. Modeling results for L/S 10 and 0.3 L/kg-dry are included. 
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Figure B.7. Mineral speciation of 4 mg/kg HgCl2 soils at an L/S 10 L/kg-dry for Al, Ca, Fe, Si, Hg, K, Mg, Na, and S constituents. 
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[image: ]Figure B.8. Comparison of predicted leaching of Al, Ca, Fe, Si, Mg, K, Na, and S from 75% OPC 25% soil. Modeling results for L/S 10 and 0.3 L/kg-dry are included. 



[image: ][image: ][image: ][image: ][image: ][image: ][image: ][image: ][image: ]Figure B.9. Mineral speciation of 4 mg/kg HgCl2 75% OPC 25% soil at an L/S 10 L/kg-dry for Al, Ca, Fe, Si, Hg, Mg, K, Na, and S constituents. 
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Figure B.10 Mineral speciation of mercury for all cases of mercury and OPC, soil, or OPC/soil combination at a L/S 10 L/kg-dry, pe=10. 
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[image: ] [image: ][image: ] [image: ][image: ] [image: ] [image: ][image: ] 
Figure B.11. Mineral speciation of mercury at an L/S = 10 L/kg-dry and a pe=6 (reduced from 10) for all cases of mercury with OPC, soil, and OPC/soil.


[image: ]
Figure B.12. Mineral formation example of Hg(0)/OPC case with 0.1M acetic acid at pe=6. The aqueous concentration of mercury remains below the solubility limit of Hg(0) beginning at a pH of 3.5 and continuing through the alkaline domain. 
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An equation can be derived that provides an estimate of the concentration of mercury in the landfill porewater [mg/L] after partitioning between disposed debris and backfill soil. 
Assumptions:
Mercury contaminated building debris passing the waste acceptance criterion of <4 mg/kg total Hg is disposed in an RCRA compliant landfill. The debris is co-disposed with clean backfill soil such that the soil fills air gaps between debris. 
The composition of the landfill is 75% (v/v) debris with backfill soil as the balance of the volume.
All mercury is introduced to the landfill through the debris which is comprised of OPC (15 wt%) with a balance of inert granite or limestone aggregate.
Aggregate in debris is inert and relatively non-porous in comparison to OPC and soils. 
Mercury in the landfill is in equilibrium with respect to solids and porewater. All pore space within solid phases is water-filled such that there is no gas phase. 
Since the landfill is in equilibrium, the concentration of mercury in the OPC porewater is equal to the concentration of mercury in the soil porewater. Therefore, the concentration of mercury in the porewater of the unit volume can be represented by a single term as shown in Equation (). 

Diagram: 
[image: ]
Nomenclature:
In this derivation, the general notation for a variable takes the form of  where:	
 =	 for mass [mg] or [kg];  for concentration [mg/L], and  for solid content [mg/kg].
 =	 and  for debris phase solid and porewater, respectively;
and  for the OPC phase solid and porewater phases, respectively;
 and  for the backfill soil phase solid and porewater, respectively;
 for the aggregate phase of the debris; and
 for the total unit volume.
 =	 when referring to mercury or blank when the terms refer to a phase property. 

Known Parameters:
The known parameters include dry bulk densities () of debris, OPC, and backfill soils 
, , and 
as well as solid phase porosities () for the debris, OPC, soil, and aggregate:
, , , and .
Also known are the partitioning coefficients of mercury between solid phases (OPC and soil) and leaching solution from sorption experiments. The partition coefficients for Hg/OPC have been calculated based on experimental data, presented in Appendix B.VIII. 

Governing Mass Balance:
The governing mass balance is that the total mass of mercury in a 1 m3 control volume is equal to the mass of mercury in the OPC solid, OPC porewater, soil solid, and soil porewater phases. 
		(1)
Each component of (1) can be further refined in terms of known parameters and an unknown that is the concentration of mercury in the associated solid phase porewater. In the following derivation, known or assumed parameters are shown in orange text.
Mass of Mercury in OPC Solids: 
The mass of mercury in the solid phase of the OPC can be defined by the content of mercury in the OPC and the mass of OPC:
		(2)
The content of mercury in the OPC can be represented by the liquid-solid partitioning coefficient equation: 
		(3)
or rearranging for the content of mercury in the OPC: 
		(4)
Following the assumption that a single porewater mercury concentration can represent the equilibrium within the control volume, the term for the concentration of mercury in the OPC porewater, and later the concentration of mercury in the soil porewater, can be replaced by a single term: 
		(5)
The mass of OPC solids can be defined using the assumption that the debris is comprised of 15 wt% OPC in the debris:
		(6)
The mass of debris can expressed in terms of volume of the debris and the debris density: 
		(7)
The total volume of the debris is assumed to be 75% of the total volume: 
		(8)
Substituting (7) and (8) into (6), the mass of OPC solids can be written as: 
	(9)
Simplifying constants and recognizing that Vtotal is equal to 1 , the mass of OPC equation becomes:
		(10)
Equation (10) and (4) can be substituted into (2) to generate an expression for the mercury mass in the OPC solids in terms of all knowns and one unknown: 
		(11)

Mass of Mercury in Backfill Soil Solids: 
The mass of mercury in the solid phase of the backfill soil can be defined by the content of mercury in the soil and the mass of soil in the control volume:
		(12)
where the content of mercury in the soil phase is defined in terms of a partition coefficient and a porewater concentration in a similar manner as for OPC in (4): 
		(13)
The mass of soil can be expressed using the volume of soil and the density of the soil: 
		(14)
The volume of soil in the total control volume is defined by the assumption that the soil is the balance of the solid phase where 75% is debris: 
		(15)
Substituting (15) into (14), simplifying constants, and setting the value of the total unit volume provides an expression for the mass of the soil solid phase: 
		(16)
Equations (16) and (13) can be substituted into (12) to give an equation for mass of mercury in the soil solids in terms of known values and one unknown: 
		(17)

Mass of Mercury in OPC Porewater: 
The mass of mercury in the OPC porewater can be defined as the concentration in the porewater and the volume of the porewater: 
		(18)
The volume of OPC porewater can be calculated in terms of OPC volume and porosity of the OPC: 
		(19)
The volume of OPC can be calculated from the mass of the OPC solid and the density of the OPC solid: 
		(20)
The expression for the mass of OPC in (9) can be substituted into (20), followed by substitution of (18) and (20) into (17), providing an expression for the mass of mercury in the OPC porewater: 
		(21)

Mass of Mercury in Soil Porewater:
The mass of mercury in the soils porewater can be defined as: 
		(22)
The volume of soil porewater can be expressed in terms of soil volume and soil porosity: 
	 	(24)
where the volume of soil has already been previously defined in (14).
Substituting (14) into (24) followed by (23) and (24) into (22), an expression for the mass of mercury in the soil porewater becomes: 
	 	(25)

Total Mercury in the Control Volume: 
The maximum amount of mercury mass in the system can be calculated in terms of the waste acceptance criterion of debris content <4 mg/kgdebris. Therefore, the total mass in the system can be expressed as the Hg content in the debris multiplied by the mass of the debris.
		(26) 

The mass of debris from (6) can be substituted into (26) to provide an expression for the total mass of Hg in the system in terms of known values: 
		(27) 
Equations 10, 16, 21, and 25 can now be substituted back into equation 1. As each equation contains the unknown variable , this aqueous Hg concentration has been pulled out to the front of the equation to be distributed to each term.

Concentration of Mercury in the Landfill Porewater:
To assemble a final expression that estimated the concentration of Hg in the control volume porewater, (11), (17), (21), (25), and (27) can be substituted into the governing mass balance (1). 
	(28) 
Each term on the right of (28) contains the unknown variable  which can be pulled out of each expression.
	(29)
There is only one unknown, (29) can be rearranged to solve for  in terms of known or assumed terms. For simplicity, the form of this equations is:
		(30)
where each constant term is defines as: 
 	(31)
 	(32)
 	(33)
 	(34)
 	(35)

Conclusion:
The Hg concentration in the porewater (i.e., leachate) of a unit volume landfill containing Hg-contaminated debris and backfill soil was derived as a function of known, assumed, or estimated parameters. Example mass balance results are shown in Table B.25 for Hg(0) and Hg2+ species. The landfill is assumed to consist of 75% by volume concrete-based building material debris with backfill soil comprising all remaining gaps. Under the assumption that the debris has a maximum concentration of mercury of 4 mg/kg, consistent with the waste acceptance criterion, the total mass of mercury in the debris can be calculated using the measured parameters. The total mass of mercury introduced into the landfill is assumed to exist only within the OPC fraction of the debris, as the debris aggregate solid phase is assumed inert and relatively non-porous. The partitioning coefficient of mercury between a solid phase (i.e., OPC or soil) and contacting porewater can be calculated using first-order estimates from pH-dependent sorption experiments, shown in Table B.26. At equilibrium, the concentration of mercury in the porewater can be calculated using the total mass of mercury in the system, solid phase porosities, and mercury partitioning coefficients. The final porewater concentration is given as the concentration of mercury in the leachate of a control volume of 1 m3 of the proposed mercury debris landfill. 

Table B.25. Mercury leachate concentration in a unit volume landfill after partitioning with debris and soils.
	Partition coefficients (L/kg)
	pH of material for Kd value
	Concentration of Hg in aqueous phase (mg/L)
	Mass of Hg (mg) in each phase

	OPC
	Soil
	OPC
	Soil
	
	OPC solids
	OPC porewater 
	Soil solids
	Soil porewater

	18
	700
	13
	8
	0.031
	160.3
	1.5
	7546
	2.3

	22
	3600
	13
	8
	0.006
	38.7
	0.29
	7670
	0.46



Partition Coefficients:
Partition coefficients, or Kd values, were calculated for each pH test position for each sorption experiment. The partition coefficients are calculated as the absorbed mercury divided by the mercury in solution:
		(36)
Where the absorbed mercury, S, is calculated using the spike solution concentrations, C, unique to each experimental dataset and the L/S ratio of 10 L/kg-dry used in the sorption experiment:
		(37)

[bookmark: _Hlk174025287]Table B.26. Selection of partition coefficients for mass balance calculations with 4 mg/kg HgCl2 OPC and soil experiments
	Sample
	pH
	
	
	
	Mean 

	Hg2+ Sorption
	
	
	
	

	OPC-A
	12.9
	0.092
	0.92
	19
	18

	OPC-B
	12.8
	0.099
	0.99
	17
	

	Soil-A
	8.32
	0.003
	0.03
	680
	700

	Soil-B
	8.09
	0.003
	0.03
	720
	

	Hg(0) Sorption
	
	
	
	

	OPC-A
	13.1
	0.009
	0.092
	38
	21

	OPC-B
	13.1
	0.029
	0.29
	5
	

	Soil-A
	8.95
	0.0004
	0.004
	3100
	3600

	Soil-B
	8.88
	0.0003
	0.003
	4100
	







	
	


Supplementary Material for Chapter 4

[bookmark: _C.I._Details_of][bookmark: _Toc174529298]C.I. Details of Percolation Test (EPA Method 1314)

EPA Method 1314 [EPA, 2017] is a standardized up-flow percolation column method used to evaluate the liquid-solid partitioning (LSP) of constituents in a granular solid material as a function of liquid-solid ratio (L/S) under percolation conditions. The general procedure consists of a column with moderately packed granular material that has eluent introduced in an up-flow pumping mode. To pack columns, the mass of the empty column with end caps and valves is recorded. The column is capped on one end and inverted, then packed with a 1-2 cm layer of clean quartz sand. The granular material is added to the column with at least 300-g dry-mass equivalent and tamped periodically to ensure it is flat and moderately compacted. The remaining volume of the column is filled with clean quartz sand, capped, and inverted. The columns are required to be fully saturated and allowed to equilibrate for 18±3 hours prior to beginning the eluate collection. The pump is calibrated to flow at a rate of 1±0.25 L/S per day based on the dry mass of the granular solid material. Eluate collection is performed as a function of L/S at pre-determined cumulative L/S values (i.e. 0.2, 0.5, 1, 1.5, 2, 2.5, 4.5, 5, 9.5, and 10 L/kg-dry). Eluent can be either reagent water or 1 mM CaCl2 solution. 
The column set-up for mercury containing materials is required to be made entirely out of glass or PTFE parts for any section that will come in contact with mercury. Optical probes may be used to automate the column system. The collection vessels and optical probes must be calibrated using a series of known volumes of water and measuring the length of the probe from the lid to the tip of the water. A linear equation can be derived to determine probe height required for each L/S exchange based on the required volume of water for each L/S. 
At each exchange eluate is collected for pH, conductivity, turbidity, cationic analysis, and TOC analysis. 
[bookmark: _C.II._Eluate_Analysis][bookmark: _Toc174529299]C.II. Eluate Analysis

TOC Analysis. Analysis of dissolved organic carbon and dissolved inorganic carbon (DOC and DIC) were performed on the eluate solutions. Carbon analysis was conducted following EPA Method 9060 using a Shimadzu model TOC-V CPH/CPN (Shimadzu Scientific Instruments, Inc., Columbia, MD) combustion catalytic oxidation non-direct infra-red analyzer. The instrument was calibrated with a five-point calibration curve for both inorganic carbon and non-purgeable organic carbon (NPOC) for an analytical range between 500-100,000 µg/L. The accepted correlation coefficient for the calibration curve was 0.995. For the NPOC standard, reagent grade potassium hydrogen phthalate was used while sodium hydrogen carbonate was used as the initial calibration verification (ICV) standard. Calibration check standards at 10 ppm and calibration blanks were measured every 10 samples with the requirement that check standards were within 15% of the specified value and blanks were less than quantifiable limits. Using a single analytical sample, inorganic carbon analysis was performed prior to organic carbon analysis. Samples that initially measured above the calibration range could be diluted up to 1:50 by the autosampler.
Table C.1 contains the MDL and LLOQs for DOC and DIC. 

Table C.1. MDLs and LLOQs for eluate analysis of carbon
	Analyte
	Symbol
	MDL (mg/L)
	LLOQ (mg/L)

	Dissolved inorganic carbon
	DIC
	0.15
	0.5

	Dissolved organic carbon
	DOC
	0.18
	0.5



Figure C.1 shows the DOC results for the pellet testing. 
[image: ] [image: ]
[image: ]
Figure C.1. Results of DOC as a function of L/S (L/kg-dry) for the pellet only experiments with 1 mM CaCl2 eluent (top left), the pellet+backfill soil experiments (top right), and the eluent comparison experiments with pellets only (bottom left). 

Turbidity Analysis. Turbidity analysis was conducted during eluate determination tests with the backfill soil to further support the usage of 1 mM CaCl2 as the eluent. 10-mL samples were collected in the designated glass vials and analyzed with a Thermo Scientific AQ3010 Orion AQUAfast AQ3010 turbidity meter (ThermoFisher, Cat#AQ3010). Infrared (IR) LED light is used and complies with ISO 7027 requirements. Calibration range is from 0-1000 NTU. 
Table C.2 contains a summary of turbidity analysis for the backfill soil (only the final two L/S exchanges were analyzed for turbidity in this experiment), HgS pellets with 1 mM CaCl2, and the pellet + backfill columns. Turbidity was averaged for each L/S test position if duplicates of columns were used.

Table C.2. Turbidity analysis of column samples in NTU 
	Test Position
	Material Type 

	
	Backfill Soil with DIW
	Backfill Soil with 1 mM CaCl2 
	Pellets
	Pellets + Backfill Soil

	T01
	-[footnoteRef:14] [14:  Did not begin conducting turbidity analysis until T08] 

	N.D.
	0.81
	N.D.[footnoteRef:15] [15:  Not enough eluate for turbidity analysis] 


	T02
	-
	N.D.
	0.26
	N.D.

	T03
	-
	N.D.
	0.44
	0.97

	T04
	-
	N.D.
	0.21
	1.68

	T05
	-
	N.D.
	0.38
	2.46[footnoteRef:16] [16:  One of the three columns was shut down at the end of T04, begin data using duplicates at T05] 


	T06
	-
	N.D.
	0.25
	1.08

	T07
	-
	N.D.
	0.44
	1.36

	T08
	144
	0.43
	0.29
	0.95

	T09
	114
	1.20
	0.14
	1.65




[bookmark: _C.III._Solid_Material][bookmark: _Toc174529300]C.III. Solid Material Characterization

Optical Microscopy. Image analysis was performed on the pellets using an optical microscope to gain closer insight into the structure of the pellets. A Leica DM6M Optical Microscope (Leica, Germany) fitted with a 20x brightfield lens and a Leica K3C 24-bit color digital camera (1536 x 1024 resolution). The lens had an aperture of 7 (possible range 0-12) and used a light intensity of 175 (possible range 0-255) for brightfield. An integrated color correction software was used to resolve image artifacts on the edge of the lens. 
Scanning Electron Microscopy. A coupled scanning electron microscope/energy dispersive X-ray spectroscopy (SEM/EDS) analysis was used to identify the phase(s) present at several locations on the HgS pellets. An environmental FEI Quanta FEG 650 high-resolution scanning electron microscope (FEI company, Hillsboro, OR, USA) equipped with a Schottky field emission gun, digital imaging, and an energy dispersive X-ray spectrometer was used to collect secondary (SE) and backscatter electron (BSE) images of the pellets and chemical data at a handful of locations. A pressure of 130 Pa (in ESEM mode), accelerating voltage of 20 kV, spot size of 3.5, a magnification of 600x and an average working distance of 10 mm were used.

[bookmark: _C.IV_ImageJ_Analysis][bookmark: _Toc174529301]C.IV ImageJ Analysis

ImageJ Analysis. ImageJ is a public domain Java image processing program that can analyze user-loaded images to provide measurements. Area, mean, standard deviation, lengths, and angles can all be measured in the software and can use real world measurement units based on user-provided scale. Images are uploaded and a scale of pixels to mm is set. Analysis is based on color threshold where the color scale is adjusted until the objects for analysis are the only objects in the image highlighted. In the instance of the HgS pellet analysis, color threshold is adjusted until only the red pellets are selected. Analysis was set to provide the cross-sectional area of the pellets in mm2 and the masks of each pellet to ensure that each pellet was counted individually and not grouped together. Any pellet groupings were removed from the dataset to eliminate the risk of data skewing. Scale for each pellet was set using ¼” graph paper cut to fit the holder. Photos were taken of each pellet group from the same height and angle to ensure the scale is consistent across each image analysis. Table C.3 provides the averages for the 10th, 25th, 50th, 75th, and 90th percentiles for the dry pellets analyzed as well as the pellets analyzed that were collected after column testing with either 1 mM CaCl2 or DIW eluent. 

Table C.3. Summary of percentiles of each pellet sample. Each replicate was analyzed in triplicate and averaged for the summary. 
	Sample
	Percentile

	
	10th
	25th
	50th
	75th
	90th

	DIW-A
	6.03
	6.56
	7.07
	8.79
	9.44

	DIW-B
	6.01
	6.51
	7.45
	8.77
	9.46

	DIW-C
	6.93
	7.91
	8.89
	9.63
	10.4

	1 mM CaCl2-A
	6.64
	7.66
	8.84
	9.67
	10.4

	1 mM CaCl2-B
	5.95
	6.83
	8.14
	9.11
	10.1

	1 mM CaCl2-C
	6.24
	7.37
	8.27
	8.92
	9.48

	Dry
	5.11
	5.54
	6.16
	7.65
	8.25
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